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Abstract

In many countries around the world, arsenic (As) is one of the most important chemical
contaminants in drinking water. The problem is most severe in Asia. Here, millions of
people are at risk of chronic As poisoning through the consumption of As-enriched
groundwater.

The release and mobility of As in groundwater is significantly controlled by
hydrogeochemical and microbiological processes occurring at solid-water interfaces. It
is widely accepted that Fe minerals, especially Fe oxides or sulfides, play an important
role with respect to As mobility in groundwater. Besides Fe minerals, As incorporation
into calcite is potentially an important process controlling the distribution of As in
aquifers. In this thesis, Fe minerals, mainly Fe oxides, and calcite are referred to as
clogging material. Iron oxides and calcite generally represent clogging material in
pumping wells. Based on numerous literatures, both minerals can act as sorption
surface and control the partitioning of As between solid and agqueous phases in an
aquifer. In agreement with CORNELL & SCHWERTMANN (2003) in this thesis, goethite (a-
FeOOH), ferrihydrite (FesHOs*4H,0), lepidocrocite (y FeOOH), hematite (a-Fe203),
green rust (Fe(OH)s) are collectively referred to as Fe oxides.

The present thesis aims at assessing the relative roles of clogging material and
groundwater extraction that underlie As enrichment and mobility at three study sites
with the heterogenous spatial distributions of As. Based on comprehensive sampling
campaigns as a part of the PhD thesis by EICHE (2009) in the Red River Delta (Vietnam),
the master thesis by SHTIRKIN (2013) in South-West Germany and the PhD thesis by
NEIDHARDT (2012) in the Bengal Delta Plain (India), statistical and reactive transport
modelling approaches are conducted. All study cases are based on real-world data. For
the first two studies, reactive transport modelling is conducted. For the last one, a
multivariate statistical analysis is used. The developed concept is transferable to
groundwater extraction activities in systems such as drinking water supply, pump-and-
treat or aquifer thermal energy storage.

In the first part, the impact of calcite on As retention in a fluvial aquifer in Vietnam is
quantified. In South and South East Asia, Pleistocene aquifers are known to be low in
dissolved As. However, active groundwater extraction for drinking water purposes in
this region induces migration of As contaminated groundwater from an aquifer
containing high levels of As (high-As) into an aquifer with low As concentrations (low-
As) aquifer. This study examines extensive As retention in the Pleistocene aquifer,
considers possible explanations for observed lateral changes of hydrogeochemical



parameters induced by intensive groundwater extraction in Hanoi and identifies the
effect of clogging minerals on the groundwater As distribution.

Reactive transport simulations in 2D are used to assess the retention capabilities of
calcite and Fe minerals. The models give a good impression on the extent and location
of hydrogeochemical processes along the groundwater flow direction. The surface
complexation model developed for ferrihydrite and sorption data for calcite are used to
explore the retarded As transport. A cooperative effect of calcite and ferrihydrite on the
As distribution in groundwater is observed. Arsenic is found to be retarded through the
adsorption onto ferrihydrite and calcite surfaces. The results demonstrate retarded
intrusion of As contamination into the previously uncontaminated Pleistocene aquifer
for more than 150 m. In the model, a significant amount of As is adsorbed by Fe oxide.
Ferrihydrite adsorbs over 80 % of As**. The spatial distribution of adsorption processes
is strongly influenced by the extent of calcite precipitation and Fe oxides reduction. The
reduction of Fe oxides plays a key role in the secondary release of newly adsorbed As.
Likewise, the precipitated calcite at the boundary of redox zones plays an important role
in As retention. While increasing the amount of calcite over time due to a constant
inflow of Ca?* and HCOs', the impact of calcite on the As retention process grew up to
20%. In contrast, the presence of HCOs and PO4* reduced the adsorption capabilities
of the sediments.

In the second part of the study, the As enrichment processes on the clogging material
in the vicinity of pumping wells are assessed by using reactive transport modeling at a
pump-and-treat system in South-West Germany. Well clogging is a widespread problem
in aquifers with varying hydrogeochemical conditions. However, the interactions
between physical and hydrogeochemical processes during groundwater extraction are
not well understood. A reactive transport modeling approach is used to elucidate the
effect of alternating extraction rates near the redox boundary on the precipitation of Fe
minerals. Subsequent reactive transport simulations describe the spatial and temporal
evolution of the redox zonation. Due to the variation of extraction rates, the model
shows a growth in the amount of clogging material, especially Fe minerals, which act as
adsorption surfaces for dissolved As. According to these investigations As mobilization
results from the combined effect of clogging material dissolution and desorption of As
due to competition processes, especially with HCO3™ and PO4*".

In the third part of the study, multivariate statistical analyses are used to assess
hydrochemical data from the Bengal Delta Plain (India) to define relations between
chemical and physical parameters and to deduce processes controlling the As
distribution in groundwater. A review of 174 wells that extract groundwater from
depths of up to 270 m shows that 130 of them contain more than 0.13 pmol/L of As.
Using a multivariate statistical approach, sixteen physicochemical parameters are
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analysed. The results show a strong correlation between the age of wells and dissolved
As concentrations. In agreement with both previous studies, the association suggests
that clogging material has been formed consisting mainly of Fe oxide and calcite and act
as enrichment surface for As. Another important factor making As contamination a
regional issue is groundwater temperature. Temperature plays an important role in the
solubility of minerals, reactions kinetics, redox and sorption processes. In contrast to
Europe, where mean temperatures in an aquifer lie between 10 °C and 15 °C, the
average temperature in the study site is found to be 26.4 °C. Due to a large difference,
groundwater temperature should be observed as a factor making As contamination a
regional issue. However, the usage of geothermal plants, which are receiving a growing
interest in Europe, can make As contamination also an issue for European counties.

This PhD makes the essential contribution to the understanding of the heterogeneous
As distribution in an aquifer through the As accumulation on clogging material. The
adsorption of As on calcite, whose retention capabilities were substantially
underestimated for a long time, is observed as a process controlling As mobility in
groundwater. Many theories have been published to explain the patchy As distribution
in groundwater. However, all these theories observed only hydrogeochemical processes
as key factors controlling As mobility. Besides the effects of hydrogeochemical
reactions, microbiological processes, mixing of different water qualities also have an
influence on As mobility in groundwater. The PhD presents an approach considering
lateral groundwater movements induced though extraction and infiltration activities
and assesses the effect on the As enrichment process in the vicinity of extraction wells.
The work discusses for the first time also temperature as an important factor
regionalising the As issue.



Kurzfassung

Weltweit stellen mit Arsen (As) belastete Grundwasser eine groRe Gefahr fur die
Menschen dar. Am starksten ist Asien von diesem Problem betroffen. Hier ist die
Gesundheit von Millionen Menschen betroffen.

Die Freisetzung und die Mobilitat von As im Grundwasser werden mafigeblich durch
hydrogeochemische und mikrobiologische Prozesse gesteuert. Es ist allgemein
anerkannt, dass Fe-Mineralien, insbesondere Fe-Oxide oder -Sulfide, eine wichtige Rolle
in Bezug auf die As-Mobilitat im Grundwasser spielen. Neben Fe-Mineralien ist der
Einbau von As in Calcit potenziell ein wichtiger Prozess, der die Verteilung von As in
Grundwasserleitern steuert. In dieser Arbeit wird der Einfluss von Fe-Mineralien,
hauptsachlich Fe-Oxide, und Calcit als Verblockungsmaterial im Umfeld von Brunnen auf
die Arsenmobilitat untersucht. Diese Minerale kdnnen als Sorptionsoberflache wirken
und die Verteilung von As zwischen der festen und der wassrigen Phase in einem
Grundwasserleiter steuern. In Ubereinstimmung mit CORNELL & SCHWERTMANN (2003)
sind in dieser Arbeit sind Goethit (a-FeOOH), Ferrihydrit (FesHOs*4H,0), Lepidocrocit
(y- FeOOH), Hamatit (a-Fe;03), Grinrost (Fe(OH)s) zusammenfassend als Fe-Oxide
bezeichnet.

Die vorliegende Dissertation zielt darauf ab, die relativen Rollen von
Verblockungsmaterial und Grundwasserentnahme zu untersuchen, die der As-
Anreicherung und -Mobilitdat an drei Untersuchungsstandorten mit der heterogenen
raumlichen Verteilung von As zugrunde liegen. Basierend auf umfangreichen
Probenahmekampagnen im Rahmen der Dissertation von EICHE (2009) im Red River
Delta (Vietnam), der Masterarbeit von SHTIRKIN (2013) in Stidwestdeutschland und der
Dissertation von NEIDHARDT (2012) im Bengal Delta Plain (Indien) werden statistische und
reaktive Transportmodellierungen durchgefiihrt. Alle Untersuchungsfalle basieren auf
realen Daten. FUr die ersten beiden Studien wird eine reaktive Transportmodellierung
angewendet. Fir die letztere Studie wird eine multivariate statistische Analyse
verwendet. Das entwickelte Konzept ist auf Grundwasserentnahmeaktivitaten in
Systemen wie Trinkwasserversorgung, Pump-and-Treat oder Aquifer Thermal Energy
Storage Ubertragbar.

Im ersten Teil wird der Einfluss von Calcit auf die As-Retention in einem fluvialen
Grundwasserleiter in Vietnam quantifiziert. In Sid- und Sldostasien ist bekannt, dass
pleistozdne  Grundwasserleiter wenig geldstes As aufweisen. Die aktive
Grundwasserentnahme zu Trinkwasserzwecken in dieser Region fihrt jedoch zu einer
Migration von As-kontaminiertem Grundwasser aus einem Grundwasserleiter mit
hohem As-Gehalt (High-As) in einen Grundwasserleiter mit niedrigen As-



Konzentrationen (Low-As). Diese Studie untersucht As-Retentionen am Ubergang vom
holozanen in den pleistozanen Grundwasserleiter, erarbeitet Erklarungen fir die
beobachteten lateralen Verdanderungen hydrogeochemischer Parameter, die durch
intensive Grundwasserentnahme in Hanoi induziert werden, und identifiziert die
Auswirkungen von Verblockungsmineralien auf die As-Verteilung im Grundwasserleiter.

Im zweiten Teil der Studie werden die As-Anreicherungsprozesse am
Verblockungsmaterial in der Nahe von Pumpbrunnen mittels reaktiver
Transportmodellierung an einer Pump-and-Treat-Anlage in Stdwestdeutschland
untersucht. Die Verblockung von Brunnen ist ein weit verbreitetes Problem in
Grundwasserleitern mit heterogenen hydrogeochemischen Bedingungen. Allerdings
sind die Wechselwirkungen zwischen physikalischen und hydrogeochemischen
Prozessen bei der Grundwasserentnahme noch nicht umfassend erforscht. Ein reaktiver
Transportmodellierungsansatz wird verwendet, um den Einfluss alternierender
Extraktionsraten nahe der Redoxgrenze auf die Ausfallung von Fe-Mineralien
aufzuklaren. Die Ergebnisse der reaktiven Transportsimulationen beschreiben die
raumliche und zeitliche Entwicklung der Redoxzonierung. Aufgrund der Variation der
Extraktionsraten zeigt das Modell eine Zunahme der Menge an Verblockungsmaterial,
insbesondere von Fe-Mineralien, die als Adsorptionsflachen flir geldstes As dienen.
Nach diesen Untersuchungen resultiert die As-Mobilisierung aus der kombinierten
Wirkung von Aufloésung des Verblockungsmaterials und Desorption von As aufgrund von
Konkurrenzprozessen um Sorptionsplatze, insbesondere mit HCO3™ und PO4>.

Im dritten Teil der Studie werden multivariate statistische Analysen verwendet, um
hydrochemische Daten aus dem Bengal Delta Plain (Indien) auszuwerten. So werden
Zusammenhange zwischen chemischen und physikalischen Parametern identifiziert und
Prozesse abgeleitet, die die As-Verteilung im Grundwasser steuern. Eine Untersuchung
von 174 Brunnen, die von NEIDHARDT (2012) durchgefihrt wurde, zeigt, dass 130 davon
mehr als 0,13 umol/L As enthalten. Unter Verwendung der multivariaten statistischen
Methoden werden in der vorliegenden Arbeit sechzehn physikalisch-chemische
Parameter analysiert. Die Ergebnisse zeigen eine starke Korrelation zwischen dem Alter
der Brunnen und den geldsten As-Konzentrationen. In Ubereinstimmung mit den
beiden ersten Studien zeigt die Korrelation, dass die Minerale, die zu
Brunnenverblockungen flhren, als Anreicherungsoberflache fir As in Frage kommen.
Ein weiterer wichtiger Faktor, der die Kontamination zu einem regionalen Problem
macht, ist die Grundwassertemperatur. Die Temperatur spielt eine wichtige Rolle bei
der Loslichkeit von Mineralien, Reaktionskinetik, Redox- und Sorptionsprozessen. Im
Gegensatz zu Europa, wo die mittleren Temperaturen in einem Aquifer zwischen 10 °C
und 15 °C variieren, liegt die Durchschnittstemperatur im Untersuchungsgebiet bei
26,4 °C. Aufgrund des groBen Unterschieds sollte die Grundwassertemperatur als



Faktor betrachtet werden, der die As-Kontamination zu einem regionalen Problem
macht. Hier kann die Nutzung von Geothermieanlagen, die in Europa ein wachsendes
Interesse erfahrt, die As-Kontamination auch flr Europa zum Problem machen.

Diese Dissertation leistet den wesentlichen Beitrag zum Verstandnis der heterogene As-
Verteilung in  einem Grundwasserleiter durch die As-Anreicherung auf
Verblockungsmaterial. Die Rickhaltevermogen von Calcit wurden lange Zeit stark
unterschatzt. Viele Theorien wurden verdffentlicht, um die As-Verteilung im
Grundwasser zu erklaren. Alle diese Theorien beobachteten primar jedoch nur
hydrogeochemische Prozesse als Schltsselfaktoren, die die As-Mobilitat steuern. Neben
den Auswirkungen hydrogeochemischer Reaktionen haben auch mikrobiologische und
die Vermischungsprozesse einen Einfluss auf die As-Mobilitat im Grundwasser. Diese
Doktorarbeit stellt einen Ansatz vor, der laterale durch Extraktions- und
Infiltrationsaktivitdten induzierte Grundwasserbewegungen bericksichtigt und die
Auswirkungen auf die As-Anreicherungsprozesse in der Nahe von Extraktionsbrunnen
untersucht. Die Arbeit thematisiert erstmals auch die Temperatur als einen wichtigen
Faktor, der die As-Thematik regionalisiert.
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1.1 BACKGROUND

Millions of people worldwide are exposed to arsenic (As) contaminated groundwater
above the WHO drinking water limit of 0.13 pumol/L (SMEDLEY & KINNIBURG, 2002; BERG ET
AL., 2006; VAN GEEN ET AL., 2013). Asia is the region that is most affected by As
contamination in groundwater (NICKSON ET AL., 1998; BERG ET AL., 2001; VAN GEEN ET AL.,
2003; WAGNER, 2005; HARVEY ET AL., 2006; BUSCHMANN ET AL., 2007; BERG ET AL., 2007; AzAM
ET AL., 2008; MCARTHUR ET AL., 2010; HOQUE ET AL., 2012; NORRA ET AL., 2012; MAI ET AL,
2014; HOQUE ET AL., 2014). Estimated 35 million people have been drinking As
contaminated water for the past 30 years (BERG ET AL., 2007). There are also areas in
Europe contaminated with As (DI BENEDETTO ET AL., 2006; COSTAGLIOLA ET AL., 2007; BARDELLI
ET AL, 2011; ROWLAND ET AL., 2011; WINKEL ET AL., 2013; ROTIROTI ET AL., 2014). The spatial
variability of As in groundwater makes the management of groundwater resources very
difficult (NICKSON ET AL., 1998; VAN GEEN ET AL., 2003; BERG ET AL., 2007; JAKOBSEN ET AL.,
2018). To develop suitable water supply systems, a consideration of vertical (HARVEY ET
AL., 2002; SWARTZ ET AL., 2004) as well as lateral occurring hydrogeochemical processes is
required (VAN GEEN ET AL., 2006; RATHI ET AL., 2017 JAKOBSEN ET AL., 2018).

In order, to assess the processes controlling As mobility in groundwater a literature
overview is carried out (APPELO & POSTMA, 2005; BONTE ET AL., 2013; POSSEMIERS, 2014).
From this review, three groups of processes can be distinguished: (1) hydrogeological,
(2) chemical and microbiological, and (3) thermal. Table 1 presents main processes in
each group.

Table 1. Overview of processes controlling arsenic distribution in an aquifer.

Hydrogeological Changing local and regional groundwater flow direction
Mixing
Changing water level
Changing of well capture zone

Chemical and microbiological Dissolution/precipitation of Fe minerals and calcite
Redox processes
Sorption of As onto mineral surface
Organic matter degradation

Thermal Changing temperature of groundwater
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Chemical and microbiological processes

Most published research suggests that the As mobility in aquifers is controlled by redox
processes (HARVEY ET AL., 2006; BERG ET AL., 2007) and interactions with the surfaces of Fe
minerals (NICKSON ET AL., 1998; APPELO ET AL., 2002; BUSCHMANN ET AL., 2007; STOLLENWERK
ET AL., 2007; EICHE, 2009; RATHI ET AL., 2017) and carbonates (ZHENG ET AL., 2004; ROMAN-
ROSS ET AL., 2006; S@, 2007; YOKOYAMA ET AL., 2009; BARDELLI ET AL., 2011). Generally, these
minerals are corresponding to clogging material (HOUBEN, 2003; ROMERO ET AL., 2004; VAN
BEEK, 2011; MEDINAETAL., 2013). Thus, the solubility and amount of these minerals in the
vicinity of pumping wells can influence the As concentration in extracted groundwater.
Identification of physical and chemical processes controlling the growth and distribution
of clogging material will provide insight into the heterogeneous As distribution in
groundwater.

Clogging of extraction wells by Fe oxide incrustations due to the mixing of anoxic and
oxic groundwater is a common well-aging problem (HOUBEN, 2003; HOUBEN & TRESKATIS,
2003; STUYFZAND 2007; MEDINA ET AL., 2013; POSSEMIERS, 2014). HARVEY ET AL. (2006)
determined average extraction rates from irrigation rates in Bangladesh as 24.1 L/s.
Such high pumping rates will induce vertical as well as lateral mixing processes and
intensify the precipitation of clogging material in the vicinity of extraction wells. Iron
oxides clog the screen slots of wells as well as a surrounding aquifer and filter material
(HOUBEN, 2006; HOUBEN & WEIHE, 2010). These incrustations are mainly composed of
poorly ordered ferrihydrite and to less extent of more crystalline Fe oxides such as
goethite and lepidocrocite (HOUBEN & TRESKATIS, 2003). Iron oxides that coat aquifer
particles appear to be the enrichment surface for As (NICKSON ET LA., 1998; HARVEY ET AL.,
2002). Rice root coatings consist of a similar assemblage of As bearing minerals (KRAMAR
ETAL., 2017). The authors have found that As was mainly associated with Fe oxides.

Groundwater often shows saturation with respect to calcite. The kinetics of calcite
precipitation in simple systems is well understood (APPELO & POSTMA, 2005). But there is
little information available on the calcite dissolution/precipitation processes at redox
boundaries, which can exist within groundwater extraction areas and aquifer parts with
different mineralogical compositions (EICHE, 2009; VAN GEEN ET AL., 2013). Calcite
precipitation plays an important role in well clogging (STUMM & MORGAN, 1981; GRIFFIOEN
& APPELO, 1993; SHTIRKIN, 2013). This mineral has received little attention as a
mineralogical trap although As is preferentially incorporated into calcite over a wide
range of pH values (ROMAN-ROSS ET AL., 2006; COSTAGLIOLA ET AL., 2007; YOKOYAMA ET AL.,
2009; YOKOYAMAETAL., 2012). Sorption of As onto calcite can occur under either reducing
or under oxic conditions (ROMAN-ROSS ET AL., 2006). Exclusion of calcite as the sorption
surface of As can lead to an overestimation of the sorption capabilities of other
minerals, for example Fe oxides. Therefore, the consideration of calcite in the
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conceptual model of As mobility in groundwater advances the understanding of the
heterogeneous As distribution.

In contaminated or organic rich aquifers, the high availability of organic carbon
combined with a higher microbial activity causes the redox zoning to shift towards more
reducing conditions that induces the reduction of Fe oxide. The reductive dissolution of
Fe oxides is widely accepted to be one of the main processes controlling As mobilization
(NICKSON ET AL., 2000; MCARTHUR ET AL., 2001; APPELO ET AL., 2002). In addition to that, the
CO; partial pressure increase results in much higher HCOs concentration in
groundwater, which acts as a competitor for the sorption sites (APPELO ET AL., 2002).
Mixing of groundwater with different CO; partial pressure, which is often observed in
aquifers with organic contaminants, can lead to calcite precipitation (PALMER ET AL.,
1992).

Hydrogeological processes

Extraction and infiltration wells, which are used in different systems (i.e. pump-and-
treat, aquifer thermal energy storage system, aquifer storage and recovery, and
drinking water wells), induce noticeable perturbation in the groundwater flow pattern
up to several kilometers (FERGUSON, 2006; BERG ET AL., 2008; BRIELMANN ET AL., 2011; VAN
GEEN ET AL., 2013; BONTE ET AL., 2013B). Groundwater is often characterized by
concentration gradients in a spatial context. Depending on hydrogeochemical
conditions in an aquifer, these systems can induce changes in hydrochemistry mainly by
mixing of different water types. The expected impact of mixing depends on the type
(redox, pH or concentration) and the size of gradient over which mixing occurs. For
example, mixing of waters with contrasting redox conditions or CO; partial pressure can
result in the precipitation of Fe oxides or calcite, respectively (POSSEMIERS, 2014).

The effects of extraction wells in aquifer thermal storage (ATES) and pump-and-treat
systems on hydrogeochemical composition in an aquifer are comparable to the effects
observed in drinking water wells (POSSEMIERS, 2014). Hydrogeochemical processes
related to the infiltration of water are also observed in aquifer storage and recovery
(ASR) (PROMMER & STUYFZAND, 2005; DESCOURVIERES ET AL., 2010) and pump-and-treat
(SHTIRKIN, 2013) systems. In these systems, oxic/treated water that is infiltrated into an
anoxic aquifer induces large hydrogeochemical changes.

During the subsurface planning stages of systems extracting groundwater, capture
zones are often considered at steady-state conditions. However, in reality the
distribution of hydrogeochemical conditions varies due to the transient nature of
groundwater extraction and infiltration (BONTE, 2013). The alternating groundwater
extraction rates generally can lead to physical and chemical well clogging (DE ZWART,
2007; HOUBEN & WEIHE, 2010; VAN BEEK, 2011; MEDINAET AL, 2013).
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Precipitation of Fe oxide and calcite is known to reduce well performance (HOUBEN &
WEIHE, 2010; VAN BEEK, 2011). Installed wells near the redox boundary induce the mixing
of waters and are characterized by different redox conditions. This can lead to the
precipitation of Fe minerals and calcite (PROMMER & STUYFZAND, 2005; WALLISET AL., 2011;
BONTE ET AL., 2014; POSSEMIERS, 2014). However, previous studies observed mixing
processes only in vertical and transversal orientation. Groundwater extraction also
causes groundwater flow in longitudinal orientation. In aquifers with redox zoning,
these groundwater movements can induce or intensify hydrogeochemical processes at
the redox boundary. The assessment of mixing processes in lateral orientation allows to
identify and quantify more precisely hydrogeochemical processes.

Thermal processes

Both, chemical and physical processes influence the As speciation and mobility in
groundwater. Temperature plays a key role in the solubility of minerals, reaction
kinetics, redox processes and sorption-desorption of anions and cations (BRONS ET AL.,
1991; GRIFFIOEN & APPELO, 1993; SOWERS ET AL., 2006).

GRIFFIOEN & APPELO (1993) and HOLM ET AL. (1987) observed mineral precipitation at high
temperatures (>60 °C). However, the effects of temperatures below 30 °C on mineral
equilibrium are expected to be limited (BRIELMANN ET AL., 2009; HARTOG ET AL., 2013).

Redox reactions are determined by kinetic constants (APPELO & POSTMA, 2005). PROMMER
& STUYFZAN (2005) showed that even small temperature variations affect redox
reactions. Redox reactions proceed significantly faster at higher temperatures
(PROMMER & STUYFZAND, 2005; HARTOG, 2011; VAN HALEM ET AL., 2012).

Increasing temperature may enhance the dissolution of contaminants from NAPL bodies
(ZUURBIER ET AL., 2013). BRONS ET AL. (1991) and JESUREK ET AL. (2013) reported an increase
of the solubility of dissolved organic carbon (DOC) with increasing temperature in
laboratory experiments. The increased availability of organic carbon combined with a
higher microbial activity shifts groundwater towards more reducing conditions (JESUREK
ETAL., 2013).

Previous studies observed temperature effects on the hydrogeochemical composition
in an aquifer with respect to the operation of geothermal plants. However, there is still
a gap in understanding how relatively high groundwater temperatures in the Asia region
in comparison to Europe influence the distribution of As in aquifers.

In addition, energy storage techniques are receiving a growing interest in Europe. The
increasing number of such systems leads to local warming of groundwater up to 25°C.
Therefore, the usage of geothermal plants can bring As groundwater contamination in
the foreground in Europe. Besides energy storage systems, the temperature effects of
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climate change and urbanization on the aquifer system cause this parameter to be more
pronounced for the As distribution in Europe. MUEHE & FENDORF (2016) showed within
the DFG project the relevance of climate change for the As mobility in groundwater.
Arsenic becomes more mobile in the pore water with increasing temperature. BONTE ET
AL. (2013B) revealed that sorption of anions decreases with raising temperature.

1.2 ARSENICIN AN AQUIFER — AN OVERVIEW

Arsenic in groundwater

Arsenic mobility varies with its chemical form and state of valence. In water, As shows
anionic behaviour. The dominant inorganic forms of As in groundwater are arsenite
AsO33 (As®*) and arsenate AsO4* (As®*). The speciation is mainly determined by the
redox state and the pH-value (Figure 1). Under oxidizing conditions As®* is the dominant
form. HAsO4> dominates at neutral pH conditions. The prevailing form under reducing
conditions is As** (SMEDLEY & KINNIBURG, 2002).
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Figure 1. Eh-pH stability diagram of As species (Smedley & Kinniburg, 2002).

Under acidic and neutral pH values, H3AsOs prevails. Inorganic As species can be
transformed due to redox processes as well as microbiological activity.
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Arsenic in sediments

Arsenic minerals are rare in aquifer environments. In aquifers, As is primarily
incorporated into different minerals or is adsorbed onto surfaces (APPELO & POSTMA,
2005). Depending on the hydrogeochemical conditions in an aquifer, sediments can act
as source as well as sink of As. The concentrations in sediments vary according to the
hydrogeochemical situation that has established during the deposition of the aquifer
material (SMEDLEY & KINNIBURG, 2002). In an As contaminated aquifer, As concentrations
in this solid phase ranges between 0.3 mg/kg and 44 mg/kg (HARVEY ET AL., 2002; ANAWAR
ETAL., 2003; STOLLENWERK ET AL., 2007; EICHE, 2009; SHARIF ETAL., 2011; POSTMAET AL., 2016;
STAHLET AL., 2016; JAKOBSEN ET AL., 2018).

Adsorption/desorption processes affect the mobility of As in groundwater. Sorption
behaviour of As is primarily influenced by hydrogeochemical conditions, the presence
of available sorption sites and concentrations of competing ions in groundwater (APPELO
& POSTMA, 2005). Total concentrations of As in the sediments is not the main factor
giving the information about its potential mobility. More important is the bonding form
of As to the sediment (FENDORF ET AL., 2010).

On the mineral surface, As can be weakly or strongly bound. Surface adsorbed As
interacts easily with dissolved compounds. Arsenic adsorption densities vary with pH.
The greatest adsorption was observed for As** at pH 7 and for As>* at pH 4 (APPELO &
PosTMA, 2005). In contrast to As>*, adsorption of As®* over the pH range 4-9 is not
strongly dependent on pH (WILKIE & HERING, 1996). For As>*, a stronger effect of pH was
observed.

Both, As®** and As>* have binding affinities for Fe oxides, especially ferrihydrite. Fe oxides
having a high As adsorption capacity enhances the average concentrations up to 30 mg
As/kg sediment or more (HORNEMAN ET AL., 2004). Fe oxides are one of the primary
sources for dissolved As under reducing conditions (NICKSON ET AL., 2000; SWARTZ ET AL.,
2004).

The mobility of As can be influenced by its interaction with green rust (PEREZETAL., 2019).
Green rust showed high As adsorption capacities at circum-neutral pH and in anoxic
conditions (WANG ET AL., 2010). However, the main adsorption parameters (e.g., effects
of pH, competing ions), as well as adsorption kinetics, necessary for understanding
interactions between green rust and As species in groundwaters have still not been
quantified.

A wide range of data on the adsorption of both anions and cations onto ferrihydrite has
been surveyed by DZOMBAK & MOREL (1990). The developed surface complexation model
by the authors is commonly used to simulate the sorption of trace elements on
ferrihydrite. APPELOETAL. (2002), POSTMAET AL. (2007) and RAWSON ET AL. (2017) have used
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this model for ferrihydrite, which incorporate mass balance equations for the adsorbate
and for the surface adsorption sites, to assess the distribution of As between water and
sediment.

Siderite is also known to host As (5-20 mg/kg) (GuO ET AL.,, 2007). Under reducing
conditions As is mainly found in considerable concentrations in pyrite (PLANT ET AL,
2005). Arsenic is also associated with Mn oxides, clay minerals and calcium carbonates
(ROMAN-ROSS ET AL., 2006; JONES ET AL., 2013).

1.3 MODELLING AND STATISTICS

1.3.1 MODELLING

There have been many different codes developed in recent years that solve the reactive
transport equations. Among them, PHT3D (PROMMER & POsT, 2010) and PHAST
(PARKHURST ET AL., 2010) have the advantage that they are widely used, tested and open
source. Both codes use the code PHREEQC (PARKHURST & APPELO, 2013) for
hydrogeochemical simulations (STEEFELET AL., 2015; DATTAET AL., 2017). PHAST (JAKOBSEN
ET AL., 2018), PHT3D (WALLIS ET AL., 2010; WALLIS ET AL., 2011; RAWSON ET AL., 2016) and
PHREEQC (POSTMA ET AL., 2016) are frequently used to simulate As mobility in
groundwater.

PHREEQC is a computer code designed to perform a variety of hydrogeochemical
calculations. The PHREEQC databases include a range of equilibrium reactions.
PHREEQC allows to formulate kinetical expressions, for example Michaelis-Menten or
Monod equation. The PHREEQC database can be extended with reacting species.

PHT3D is a three-dimensional multicomponent reactive transport code that couples
groundwater flow and reactive transport processes in saturated porous media. PHT3D
couples the multispecies transport code MT3DMS with PHREEQC.

The PHAST code incorporates the groundwater flow model HST3D (Kipp, 1997) and
PHREEQC. Through the flexible, generic nature of PHREEQC, PHAST can handle a broad
range of equilibrium and kinetic reactive processes, including aqueous complexation,
mineral precipitation/dissolution, cation exchange, and surface complexation reactions.
The PHAST code also has the capability to simulate kinetically reacting immobile
components. Typical reactive processes such as microbial activity, NAPL dissolution, and
isotopic fractionation can also be simulated.

In contrast to PHT3D, PHAST is better suited for the simulation of spatial
hydrogeochemical problems because of a well-structured definition of input files
(APPELO & ROLLE, 2010). For this reason, PHAST is selected in the current PhD thesis.
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The geochemical model PHREEQC is used to reconstruct the initial water, sediment,
surface concentrations and compositions. The code includes also a two-layer surface
complexation model of DzomBAK & MOREL (1990) simulating the sorption of ions on
ferrinydrite and calculating competitive sorption of species for the sorption site on
ferrihydrite isimplemented in the model. WATEQ4F thermodynamic database extended
with compilation of STOLLENWERK ET AL. (2007), APPELO ET AL. (2002) and RAWSON ET AL.
(2017) for As speciation is used in the calculations performed under equilibrium
conditions.

The two-step partial equilibrium approach (BRUN & ENGESGAARD, 2002; JAKOBSEN & COLD,
2007) is considered in the simulation of redox processes. Kinetic degradation is
simulated by transforming conservative BTEX and PAH compounds into ,,reactive” CH>0,
which is oxidized in the PHREEQC code according to the thermodynamic equilibrium
(PROMMER ET AL., 1999; PROMMER ET AL., 2006; D’ AFFONSECA ET AL., 2008).

1.3.2 STATISTICS

Multivariate statistical analyses including factor analysis and cluster analysis are applied
to the hydrogeochemical data. Statistical methods are used to generate groups of
correlated elements and support the interpretation of the governing processes. These
methods were frequently used to investigate hydrogeochemical compositions of
aquifers (NARANY ET AL., 2013; LEDESMA-RUIZ ET AL., 2015; LIU ETAL., 2003; GHOSH & MONDAL,
2018). The analysis is performed using STATISTICA version 8 (WEIR, 2007) to simplify the
complex relationships that exist among the observed variables.

The factor analyses technique involves two steps. For the beginning, all variables are
standardized to ensure that each variable is weighted equally. After that, a correlation
matrix is created for each pair of constituents, which can be used to point out
interactions between variables. In the second step, the factor loadings are calculated.
Factor analysis is based on the diagonalization of the correlation matrix.

Principal component and Varimax factor rotation are applied in the factor analysis.
Principal component analysis uses a linear combination of variables to get the highest
variance from the variables. A Varimax rotation is a change of coordinate system to
maximize the variance of the squared loadings. Kaiser’s varimax rotation scheme is
applied (KAISER, 1958).

The number of factors is obtained using a scree plot, which helps to visualize the relative
importance of the factors. A flattening in the graph informs that subsequent factors can
be ignored.

Loadings on each of the factors are interpreted such that loadings greater than + 0.75
are considered strong correlation, loadings between + 0.5 and + 0.75 are considered
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significant loadings, and loadings less than + 0.5 are considered insignificant (OSBORNE &
COSTELLO, 2009). The negative values show inverse relations between parameters.
Factor analysis is used to expose the processes responsible for observed variations in
parameter values. The strong correlation is an indication of common source.

Cluster analysis is a method for gathering objects into homogeneous groups exhibiting
similar hydrochemistry. The similarity between objects is obtained using squared
Euclidean distances. In the approach Wards linkage rule is used. This rule indicates that
the shorter the distance between classes, the higher the similarity between them.

1.4 RESEACH OBJECTIVE AND QUESTIONS

The main objective of this PhD thesis is to improve the qualitative and quantitative
understanding of the impacts of Fe minerals and calcite on the mobilization and
enrichment of As in groundwater by means of modelling approaches. To reach this
objective, the following research questions should be answered:

(1) What is the impact of calcite in contrast to Fe minerals on the As distribution in
groundwater?

e (Can As adsorption onto calcite explain inconsistences in the relation between
dissolved As and Fe?* concentrations in groundwater?

e (Can calcite act as an important As trap where Fe and Mn oxides have low
concentrations or lost their adsorbing effectiveness?

(2) What are the driving physical and hydrogeochemical processes determining the
enrichment of As in the vicinity of pumping and infiltration wells?

e What is the extent and location of clogging minerals precipitation acting as the
enrichment surface of As?

e What is the effect of alternating groundwater extraction near the redox
boundary on the precipitation of Fe minerals and calcite which are corresponding
to clogging material?

(3) What is the impact of extracting activities in the long term on chemical composition
and As enrichment?

e Which parameters control the As enrichment onto the clogging material in the
vicinity of extraction wells?

(4) What is the impact of temperature on As mobility?

e Why is As contamination widely distributed mainly in Asia?
e What is reported in literature on the effects of temperature on As mobility?

The questions will be answered in the following chapters and discussed in last chapter.
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1.5 STATEMENT OF NOVELTY

New aspects and approaches covered by the study are:

e Calcite as mineral controlling partial As adsorption. For a long time, the retention
capabilities of calcite are largely ignored. The results of this study show that
calcite can act as As trap in the aquifers oversaturated in respect to calcite and
with active redox zoning.

e Clogging material as enrichment surface of As. This work presents a first
approach explaining the heterogeneous As distribution in an aquifer through the
As enrichment process onto clogging material.

e Time aspect. The operation time of wells can give an information about the
amount of clogging material in the vicinity of wells. The process of As enrichment
onto clogging material becomes more pronounced and quantitatively
remarkable over time.

e Temperature differences between Europe and Asia aquifers. Temperature has
not been intensively investigated as a factor controlling the behaviour of Asin an
aquifer and responsible for the regionalisation of the As issue. This finding can
partially explain the regional character of As contamination.

1.6 METHODOLOGY AND OUTLINE OF THIS THESIS

Data from three different study sites are used to assess the effects of each process on
the As distribution in aquifers.

In the first part of the study, based on the field data gathered by EICHE (2009) in the Van
Phuc village, in Vietnam, a reactive transport modelling approach is used to investigate
the impacts of clogging minerals on the mobility of As. The numerical approach with a
long simulation period up to 50 years focuses on the occurrence and rates of adsorption
and redox processes.

In the second part of the study, a reactive transport model is used to assess the effect
of altering groundwater extraction near the redox boundary by a pump-and-treat
system on the precipitation of Fe minerals and calcite, and the enrichment process of
As on clogging material for the case in South-West Germany. The model describes
interactions between physical and chemical processes around extraction and infiltration
wells, and predicts their effect on the clogging material distribution.

In the third part of the study, the distribution of As within aquifers in the western part
of the Bengal Delta Plain is assessed by means of a literature review and a multivariate
statistical analyses of groundwater chemistry data from 174 extracting wells. The data
were gathered as part of PhD thesis by NEIDHARDT (2012) in the frame of a DFG
(“Deutsche Forschungsgemeinschaft”) project.
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In the last part, a summary is provided followed by a synthesis and discussion of the
main results. The postulated processes are integrated into a conceptual model. Finally,
an overview of new research questions and recommendation resulting from this PhD

thesis is given.
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Chapter 2. Retardation of arsenic controlled
by adsorption processes onto ferrihydrite
and calcite in the Red River flood plain
aquifer, Vietnam. Conceptual analysis using
2D reactive transport modeling
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2.1INTRODUCTION

In the Red River Delta, about 11 million people do not have access to public water supply
and therefore extract water from private wells (BERG ET AL., 2006; BERG ET AL., 2007).
Untreated groundwater from these wells is the principal source of drinking water in the
region. Groundwater contamination by As is a big threat to the health of these people
in Vietnam. Many studies already focused on As contamination in the Red River Delta
region (e.g. EICHE ET AL., 2008; EICHE, 2009; JESSEN ET AL., 2012; POSTMA ET AL., 2016; STAHL
ETAL., 2016; RATHI ET AL., 2017; JAKOBSEN ET AL., 2018). The spatial variability of As hosting
deposits suggests that the understanding of As mobilization processes requires the
consideration of processes in lateral (VAN GEEN ET AL., 2006; VAN GEEN ET AL., 2013; RATHI
ETAL., 2017) and vertical (with depth) alignment (HARVEY ETAL., 2002; SWARTZETAL., 2004).
Several researchers (BGS, 2001; HARVEY ET AL., 2002; VAN GEEN ET AL., 2013) describe two
types of aquifer sediments in Vietnam: orange sediments (Pleistocene), and grey
sediments (Holocene). The Pleistocene aquifers are typically reported to be free or low
in dissolved As. The majority of wells in Holocene aquifers are frequently associated with
high dissolved As concentrations (>> 0.013 pmol/L). The distribution of both deposits
generally reflects the distribution of the dissolved As contamination (VAN GEEN ET AL.,
2006; STOLLENWERK ET AL., 2007; MCARTHUR ET AL., 2010; VAN GEEN ET AL., 2013). However,
changes in groundwater flow direction in aquifers can cause an increase of dissolved As
concentration in the Pleistocene aquifers, which were previously known as
uncontaminated (BERG ET AL., 2006; VAN GEEN ET AL., 2013). In the Red River Delta, the
large-scale extraction of groundwater in the city of Hanoi, which began more than 110
years ago, influences groundwater flow direction on a relatively extended area (NGUYEN,
1995; BERG ET AL., 2001; PHI & STROKOVA, 2015). A study conducted by VAN GEEN ET AL.
(2013) has shown that the groundwater exploitation in the Hanoi region enhances the
risk of As contaminated groundwater migration into the uncontaminated Pleistocene
aquifer. They examined to what extent the boundary between the low-As and high-As
sites in Van Phuc has shifted in response to groundwater extraction in Hanoi. According
to the authors, the induced groundwater movement caused a lateral intrusion of As
contamination for more than 120 m into the Pleistocene aquifer. The intrusion of
dissolved As is largely retarded (by a factor of 16 to 20) through adsorption.

The mobility of As in groundwater has received increasing attention over last years.
There is no simple relationship between the concentrations of As in groundwater and
other hydrogeochemical properties of the aquifer. Adsorption on mineral surfaces is
one of the key processes controlling the partitioning of As between groundwater and
sediments (APPELO & POSTMA, 2005; POSTMA ET AL., 2010; JESSEN ET AL., 2012). Arsenic
adsorption onto sediments varies depending on pH, Eh, mineralogical composition and
ion competition processes. Most studies consider As sorption onto Fe oxides, Al oxides,
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and Mn oxides as most prominent (APPELO ET AL., 2002; ANAWAR ET AL., 2003; AMIRBAHMAN
ETAL., 2006; HARVEY ET AL., 2006; BERG ET AL., 2007; MAI ET AL., 2014; LAZAREVA ET AL., 2015).
Other researchers have focused on As interaction with carbonate minerals (ROMAN-R0OSS
ETAL., 2006; ALEXANDRATOS ET AL., 2007; BARDELLI ET AL., 2011; JONES ET AL., 2013; CATELANI ET
AL., 2018). Currently, the microbiological induced reductive dissolution of Fe oxides
coupled to organic matter decomposition has been widely accepted to explain As
mobilization into groundwater (POSTMAETAL., 2007, BERGETAL., 2008; POSTMAETAL., 2010;
RAWSON ET AL., 2016; RAWSON ET AL., 2017; S@ €T AL., 2017). However, the generally poor
correlation between Fe?* and dissolved As (APPELO ETAL., 2002; WINKELET AL., 2011) shows
that the mobility of As in groundwater is controlled through a group of processes. In
contrast to Fe oxides, calcite has received less attention as a possible trap for As. The
adsorbing behavior of As onto calcite is not well established in the literature, yet. Only
some studies (DI BENEDETTO ET AL., 2006; ROMAN-ROSS ET AL., 2006; COSTAGLIOLA ET AL., 2007;
JONES ET AL., 2013) suggest that As can also be strongly adsorbed onto calcite, which is
more stable under changing redox conditions.

Reactive transport modeling enables the assessment of integrated effects of variations
in hydrogeochemical conditions on the groundwater As distribution. However, despite
a large amount of experimental research (WILKIE & HERING, 1996; BOTHE & BROWN, 1999;
ROMAN-ROSS ETAL., 2006; GOLDBERG, 2002; HUDSON-EDWARDS ET AL., 2004; AZAM ET AL.,2008;
BARDELLI ET AL., 2011; YOKOYAMA ET AL., 2012; JONES & LOEPPERT, 2013; WINKEL ET AL., 2013;
CATELANI ET AL., 2018), only a small number of reactive transport models that include all
main geochemical processes have been performed to simulate As mobility (POSTMA ET
AL., 2007; WALLISETAL., 2011; JESSEN ET AL., 2012; POSTMA ETAL., 2016; RAWSON ET AL., 2017,
RATHIET AL., 2017; JAKOBSEN ET AL., 2018, WALLISET AL., 2020). Besides, all these models do
not observe calcite in their systems. Therefore, there is still a gap to provide a process-
based quantification of the As mobility controlling processes.

Previous numerical and conceptual modelling approaches in Van Phuc (VAN GEEN ET AL.,
2013; RATHI ET AL., 2017) seek to understand the mechanisms of As retention in the
Pleistocene aquifer. The closest analog to the work presented here is a modelling
approach reported by RATHI ET AL. (2017). However, the limited number of processes in
that study did not clearly demonstrate hydrogeochemical changes in the Pleistocene
deposits. Iron oxides are likely to play an important role in controlling As distribution in
the aquifer. The As adsorption onto Fe oxides seemed to explain the observed data
(RATHIETAL., 2017). But the absence of the sorption processes onto calcite might lead to
an overestimation of the adsorption rates onto Fe minerals und an underestimation of
the residence time. This work extends the previous studies of As adsorption by
investigating the effects of calcite on the As fate.
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The study aims to investigate and quantify the impact of typical clogging minerals,
especially calcite, on As mobility and elucidates the mechanisms of As retention in Van
Phuc village. The issue of spatial variability at the village scale is revisited by conducting
numerical modelling. A two-dimensional modeling approach is used to identify and
assess factors controlling the spatial distribution of As in groundwater. The initial model
development is guided by field data and hypothesized processes. Subsequently, a
number of alternative conceptual models are observed. The objectives of this study are
the following: (1) to determine the hydrogeochemical conditions in the aquifer, (2) to
reconstruct hydrogeochemical processes at the boundary between the Holocene and
Pleistocene aquifers, (3) to assess the As adsorption processes onto calcite and Fe
oxides, and (4) to determine the contribution of calcite on As3* retention.

2.2 MATERIALS AND METHODS

2.2.1 STUDY SITE. DATA SET DESCRIPTION

A requirement for performing reactive transport modeling is the availability of data sets
that contain both, a detailed hydrogeological and a hydrogeochemical description. The
model development is mainly based on a comprehensive data set collected by EICHE
(2009). The research area is Van Phuc village, which is located approximately 10 km
southeast of Hanoi on the banks of the Red River. The groundwater flow in the region
is induced by large groundwater withdrawal for the municipal water supply of Hanoi
(BERG ET AL., 2008).

Within the sedimentological context, two sedimentological settings are recognized
here, which have a general meaning for As pollution. The aquifer consists of Holocene
and Pleistocene sediments up to a depth of more than 40 m (EicHE, 2009). The unique
factor of the study site is a juxtaposition of the sediments. The Pleistocene and Holocene
aquifers are mainly composed of sand and gravel with a hydraulic conductivity equal to
1.1 x 103 m/s (WALLIS ET AL., 2020) (Figure 2).
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Figure 2. Hydrogeological profiles with the sampling locations from the west part and the east
part of the aquifer (figure is provided by courtesy of E. Eiche).

The overlaying clayey silt layer with variable thickness is characterized by a low hydraulic
conductivity (Kf: 7 x 10® m/s) and can be considered as aquitard (EICHE, 2009). Average
flow velocity in the Van Phuc aquifer is between 1.2 x 10® m/s and 1.5 x 10® m/s (VAN
GEEN ET AL., 2013). Information on hydraulic gradient, which is equal to 2.7 x 10* m/m,
along the transect is taken from WALLIS ET AL. (2020). Based on the high groundwater
ages of more than 15 years, EICHE (2009) suggested low recharge rates either by river or
through surface water infiltration. STAHL ET AL. (2016) confirmed a low groundwater
recharge rate at Van Phuc. The authors found that a massive clay layer on top of a sandy
aquifer allows only very low recharge. Therefore, recharge is neglected in the model.

Dissolved As concentrations in Van Phuc vary greatly over short distances. Some of
these variations are caused by differences in bulk sediment composition. High dissolved
As concentrations are mainly related to young alluvial deposits (Holocene), whereas the
older sediments (Pleistocene) host low dissolved As concentrations (BGS, 2001; EICHE,
2009; HOQUE ET AL., 2012; VAN GEENETAL., 2013; EICHE ETAL., 2017). The Holocene deposits
cover mainly the southeast part of the study area, whereas the northwest part of the
aquifer system is dominated by the Pleistocene deposits (Figure 3). The older
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Pleistocene sediments are typically yellow-brown-orange in color with Fe oxides as
minerals. The content of Fe in the sediment ranges between 2 wt-% and 5 wt-%. In
contrast, the Holocene sediments are greyish to greenish in color with lower solid Fe
concentration (EICHE, 2009).

The hydrochemistry is noticeably different at the two sites. In the western part of the
village (low-As), the extracted groundwater contains less than 0.13 pmol/L of As. In the
eastern portion (high-As), As concentration exceeds 2 pmol/L in most wells. The
boundary between the low-As and high-As sites is assumed to have been shifted in
response to groundwater extraction in Hanoi (Figure 3).

Figure 3. Map of Van Phuc village showing arsenic concentrations in groundwater (background
image from: google.com/maps).

Two distinct hydrogeochemical zones are identified with sharp measured concentration
gradients for Ca?*, NH4*, Fe?* and As correspond to low-As and high-As sites. Mean
values of physical and chemical parameters of the groundwater samples are provided
in Table 2.

35



Table 2. The hydrochemical composition of groundwater from the low-As and high-As sites.
Mean measured concentrations of agueous compounds (calculation is based on data from
Eiche (2009), measured Apr 2006 (initial values are in Table A-1 and Table A-2)).

pH [-] 7.0 6.6

pe [-] 2.2 1.1
DOC [mmol/L] 0.16 0.06
Ca% [mmol/L] 2.9 0.5
HCOs [mmol/L] 8.6 3.7
FeZ [mmol/L] 0.22 0.02
Mn?2* [mmol/L] 0.01 0.02
NOs [mmol/L] <0.001 <0.001
NH4* [mmol/L] 0.5 0.01
S04 [mmol/L] <0.001 0.06
Astot [umol/L] 4.1 0.02
As3* [umol/L] 3.9 0.02
PO4* [umol/L] 4.2 0.6

Table 2 shows that the pH values of groundwater at both sites range from 6.6 to 7.1.
The pH (7.0 £ 0.1) at the high-As site is slightly higher than at the low-As site (6.6 + 0.2).
The redox state has a major impact on the composition of groundwater in the study site.
Based on NOs’, Fe?*and SO4% concentrations, the redox state at the high-As site can be
considered as sulfate reducing. Under sulfate reducing conditions at the high-As site,
As**is the main As species. The measurements conducted in the field indicate that >90%
of the dissolved As is present as As>*.

The redox species concentration profiles indicate a shift to more oxidizing conditions
along the transect. Dissolved Fe?* and As®* concentrations decrease rapidly in the
transect zone. The sharp reduction in DOC across the geological boundary from 0.16
mmol/L to about 0.06 mmol/L indicates rapid organic carbon mineralization.

At the high-As site, the HCOs™ concentration is higher than at the low-As site, indicating
CO; production coupled to microbial degradation of organic matter. The measured drop
of Ca?* concentration could correspond to calcite precipitation at the redox boundary.
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In contrast to the low-As site, the groundwater at the high-As site is supersaturated with
respect to calcite (Figure 4).
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Figure 4. The activities of Ca%*, COs> in groundwater as compared to the solubility products of
siderite and calcite. The line indicates the stability for calcite, pK = 8.48 (based on data from
Eiche (2009)).

Within the high-As site VAN GEEN ET AL. (2013) measured solid-phase Ca concentrations
over 2.0 g/kg, while the Ca content at the low-As site was less than 0.1 g/kg.

The mobility and speciation of As in the aquifer are closely associated with
hydrogeochemical processes. The delineation of redox boundary helps to estimate As
intrusion into the Pleistocene aquifer.

2.2.2 CONCEPTUAL MODEL AND REACTION NETWORK IMPLEMENTATION

Based on the field data, a conceptual model is constructed in order to depict the fate of
As. The spatial movement of As is accompanied by many hydrogeochemical reactions,
among them, microbiological, sorption/desorption, precipitation/dissolution and redox
processes.
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Changes in groundwater and sediment composition linked to redox gradients and the
behavior of As in response to changing redox conditions have been documented for
numerous contaminated aquifers (ANAWAR ET AL., 2003; VAN GEEN ET AL., 2013; WALLIS ET
AL, 2011; POSTMA ET AL, 2016). A redox boundary represents an important
hydrogeochemical interface controlling the speciation and mobility of many compounds
(APPELO & POSTMA, 2005; POSSEMIERS, 2014). The delineation of a redox boundary helps
estimating the distribution of compounds and identifying hydrogeochemical processes
(LEE ET AL., 2008). The speciation of As** and As>*is assumed to be redox equilibrium
controlled (SMEDLEY & KINNIBURG, 2002). At the study site, the microbiological
degradation of organic matter coupled e.g. to the reduction of Fe oxides leads to the
formation of various redox zones along the groundwater flow direction. Arsenic is
preferentially mobile under reducing conditions, which have been developed the high-
As site. Iron oxide reduction generally prevails in reduced environments, and it is widely
accepted as an explanation for high dissolved As concentrations in anoxic groundwater
(NICKSON ET AL., 2000; WANG ET AL, 2012). Based on the high measured Fe?*
concentration, As is believed to be mobilized into groundwater in the Holocene aquifer
through the reductive dissolution of Fe oxides (EICHE, 2009). The As mobilization
processes in the Holocene aquifer are not implemented into the modelling approach.
The contamination at the high-As site is reflected in the models through groundwater
inflow with the measured hydrochemical composition.

Adsorption of As on the sediment has been intensively investigated by field (HARVEY ET
AL., 2002; VAN GEEN ET AL., 2013; RATHI ET AL., 2017) and laboratory (STOLLENWERK ET AL.,
2007; BONTE ET AL., 2014) approaches. Most of the recent studies investigating As
sorption focus on As>* due to a higher sorption affinity in contrast to As3*. Arsenic
retention is more convoluted and controlled through specific hydrogeochemical
conditions. However, at the current study site, As is primarily present as As3*. Therefore,
sorption of As3* on various minerals is investigated in detail. The adsorption of As on Fe
oxides is considered among the most important and widespread factors controlling the
mobility and transport of As in groundwater (APPELO ET AL., 2002; STOLLENWERK ET AL.,
2007; GUO ET AL., 2008; GUO ET AL., 2011; MAI ET AL., 2014). The distribution of As in
groundwater is not solely controlled by a single solid phase. Besides, carbonate
minerals, especially calcite, are ubiquitous in an aquifer and can trap ions and ion
complexes (DAVIS ET AL., 2000; ALEXANDRATOS ET AL., 2007; YOLCUBAL & AkyoL, 2008; WINKEL
ET AL, 2013; RENARD ET AL.,, 2015; XIAO ET AL., 2017). Adsorption processes play an
important role in As retention in the Pleistocene aquifer (EICHE ET AL., 2010; VAN GEEN ET
AL., 2013; RATHI ET AL., 2017). The observed As distribution is the effect of the As
adsorption onto Fe oxides and calcite.
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The hydrogeological and hydrogeochemical data form the basis of the conceptual site
model. In the next step, the conceptual model is translated into a numerical reactive
transport model. The numerical model is constructed using the PHAST code. WATEQ4F
thermodynamic database is used in the calculations performed under equilibrium
conditions.

The code includes also a two-layer surface complexation model of DzZOMBAK & MOREL
(1990) simulating the sorption of ions on ferrihydrite and calculating competitive
sorption of species for the sorption site on ferrihydrite is implemented in the model.

2.2.2.1 Reaction network

A model is set up to schematically reflect the groundwater flow conditions described by
VAN GEEN ET AL. (2013) and WALLIS ET AL. (2020). These investigations showed a relatively
constant flow direction. The model is aligned with the main groundwater flow direction
(from the southeast to northwest (Figure 3)). A 2D PHAST model is set up with 300 m in
length and 40 m in depth. The model is discretized into 2 layers (Figure 5).

Hydraulic gradient = 1.6 x 10 m/m
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Figure 5. Numerical 2D reactive transport model for the Van Phuc aquifer, Vietnam. Model grid.
Hydraulic conductivity values from Wallis et al. (2020)

Modelled initial hydrochemical compositions of solution 1 and 2 are listed in Table A-3.
The model grid comprises 4,500 cells formed by 150 columns and 30 rows. The temporal
discretization is 1 day. The model is run for 50 years corresponding to the simulation
time by VAN GEEN ET AL. (2013). Based on WALLIS ET AL. (2020), the hydraulic gradient was
linearly increasing over last 60 years, starting from 0 in 1950 to 2.7 x 10* m/m in 2010.
The mean value calculated over last 50 years (1.6 x 10* m/m) is implemented via the
constant head boundary conditions.

The groundwater flow model incorporates the transport parameters given by the
authors (VAN GEEN ET AL., 2013; WALLIS ET AL., 2020). Table 3 represents main flow and
transport parameters incorporated into the model.
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Table 3. Groundwater flow and transport parameters used in the reactive transport model
(based on data from Wallis et al. (2020)).

Model [m] 300 *40
dimensions x * y

Discretization Ax  [m] 2
Discretization Ay  [m] 2

Hydraulic [m/s] 1.1x103
conductivity Krx

Effective porosity  [%] 20

Longitudinal [m] 1
dispersity

Horiz./Vert. [m] 0.1
transversal

dispersivity

In agreement with WALUS ET AL. (2020), a vertical anisotropy of 10 for hydraulic
conductivity and homogeneous conditions for porosity is implemented.

The reactive transport model incorporates the mineralogical data from EICHE (2009) and
VAN GEEN ET AL. (2013) along with the observed hydrochemical groundwater
compositions (Table A-1 and Table A-2). The hydrochemical compositions that are used
to define the initial concentrations in the model are based on the data collected by EICHE
(2009) (Table A-3).

The most important process governing the major ion and redox chemistry is oxidation
of DOC, coupled to the reduction of electron acceptors, mainly NO3™ and SO4%". Calcite
and Fe(OH)s are included in the reaction network as the main phases controlling
hydrogeochemical situation in the aquifer.

The reaction network controlling As mobility in groundwater is developed with a focus
on three key processes: (1) the sorption of As onto Fe oxides, (2) the sorption of As onto
newly formed and also existing calcite, and (3) competitive sorption effects of PO4*> and
HCOs". The conceptual model is presented graphically in Figure 6.
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Figure 6. Conceptual model. Hydrogeochemical processes controlling the groundwater
composition and arsenic distribution.

The sorption of As is assumed to occur on the surfaces of calcite and Fe(OH)s.
Ferrihydrite and calcite are chosen as principal adsorbents, because they are relatively
abundant in the sediment samples and widely reported by former studies. Adsorption
reactions are controlled by the total amount of reactive sites. The dynamic changes in
the sorption capacity that result from the precipitation and dissolution of the minerals
play a key role in explaining the observed As distribution. Total number of sorption sites
on the surfaces of these minerals is stoichiometrically linked with simulated mineral
concentrations. In the model, precipitation/dissolution processes lead to the changes in
sorption capacities.

In the current study one of the most difficult aspects is to identify and describe the
sequence and combination of the hydrogeochemical processes at the redox boundary.
Organic matter degradation at the high-As site increases the CO; partial pressure. The
changing redox state from Fe-reducing at the high-As site to Mn-reducing at the low-As
site leads to the reduction of CO; partial pressure through the mixing of the water at
the boundary, which accelerates the precipitation of carbonate minerals, especially
calcite, at the redox boundary. The sharp drop of dissolved Ca?* concentration suggests
that calcite precipitation takes place at the redox boundary. The conceptual model is
extended to calcite as a sorption site for As.

The construction of models is based on the hydrogeochemical conceptualization of the
processes identified in the study aquifer, which contains a significant degree of
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uncertainty. Therefore, the conceptual model is investigated through varying the
contributions of each process. Different scenarios are simulated. To quantify the impact
of each process on the As distribution in the aquifer, three numerical models of different
complexity are created (Table 4).

Table 4. Numerical models including primary hydrogeochemical processes. Scenarios analysed
in the case study.

(1) Adsorption onto  (2) Adsorption onto  (3) Competition processes

ferrihydrite calcite with HCO3™ and PO4*
Model 1 X
Model 2 X X
Model 3 X X X

2.2.2.2 Model 1. Adsorption of As onto Fe oxide

Initial modeling considers only adsorption processes of As®* onto ferrihydrite. The
surface complexation reactions that are implemented into the model are based on the
model of STOLLENWERK ET AL. (2007) and RAWSON ET AL. (2017). The equilibrium constants
for each surface complexation process are listed in Table 5. Surface complexation
reactions also include the protonation as well as deprotonation of the surface.

42



Table 5. Reaction network implemented into the model. (Formulas for adsorption reaction of
As>* and As®*). Hfo_wOH represents weak sorption onto Fe oxides.

Hfo_wOH + H* = Hfo_ wOH,* 7.43 Stollenwerk et al. (2007)
Hfo_wOH = Hfo_wO" + H* -7.03 Stollenwerk et al. (2007)
Hfo_wOH + AsOs* + 3H* = Hfo_wH2AsOs + H,0 37.65 Rawson et al. (2017)
Hfo_wOH + AsOs* + 2H* = Hfo_ wHAsO3™ + H,0 31.52 Rawson et al. (2017)
Hfo_wOH + AsOs3 + H* = Hfo_wAsO3% + H20 30.01 Stollenwerk et al. (2007)
Hfo_ WOH + AsO4*> + 3H* = Hfo_ wH2AsO4 + H,0 30.66 Stollenwerk et al. (2007)
Hfo_wWOH + AsO43 + 2H* = Hfo_wHAsO4 + H,0 22.34 Stollenwerk et al. (2007)
Hfo_wWOH + AsO4> + H* = Hfo_wAsQO4% + H,0 8.70 Stollenwerk et al. (2007)
Hfo_WOH + PO4*> + 3H* = Hfo_wH2PO4 + H,0 31.03 Rawson et al. (2017)
Hfo_WOH + PO4*> + 2H* = Hfo_ wHPO4 + H20 22.00 Rawson et al. (2017)
Hfo_wOH + PO4* + H* = Hfo_wPO4 + H,0 19.55 Rawson et al. (2017)
Hfo_wOH + CO3% + H* = Hfo_wCO3™ + H20 12.78 Appelo et al. (2002)
Hfo_wOH + CO3%* + 2H* = Hfo_ wHCOs + H,0 20.37 Appelo et al. (2002)

The density of weak sites on the Fe oxides is from RAWSON ET AL. (2017) and equals to
1.31 x 10 mol of sites per mol of Fe. Iron oxides are thermodynamically stable under
oxidizing conditions. The reductive dissolution of Fe oxides leads to a diminishing
number of sorption sites. Microbially induced reduction of Fe oxides is most widely
accepted as a key step in the mobilization of As in groundwater (NICKSON ET AL., 2000;
SMEDLEY & KINNBURG, 2002; HARVEY ET AL., 2002; DIXIT & HERING, 2003; SWARTZ ET AL., 2004;
POSTMA ET AL., 2007).

At the low-As site, Fe oxides reduce As mobility through the adsorption processes of
As** and the generation of new sorption sites on the neo-formed minerals. However,
the reductive dissolution of Fe oxide, mainly ferrihydrite, is the main process mobilizing
freshly adsorbed As from the sediment. Ferrihydrite is the main electron acceptor
considered in this approach (PONNAMPERUMA ET AL., 1967):

Fe(OH)s (s) + 3H" + e => Fe?* + 3H,0 (1)

The reaction couples the oxidation of organic carbon to the reduction of Fe oxide while
releasing As. In the present model the degradation of organic matter is equilibrium
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controlled. The newly released As3* can be adsorbed onto minerals (calcite, ferrihydrite
and goethite) also as described with the surface complexation model.

Like in RAWSON ET AL. (2017), two types of Fe oxides are incorporated into the model:
easily reducible (ferrihydrite) and non-easily reducible, more crystalline (goethite)
phases. Ferrihydrite is an ubiquitous mineral in deltaic sediments and is abundant in the
study aquifer (EICHE, 2009). It has a very high specific surface area (around 600 m?/g), so
it has a very high adsorption capacity for As (STOLLENWERK ET AL., 2007). Arsenic is
adsorbed more readily to amorphous rather than crystalline Fe minerals, due to a larger
surface area. Goethite is more crystalline than ferrihydrite and has an about 10 times
smaller surface area (APPELO & POSTMA, 2005). While the reductive dissolution of
ferrihydrite leads to Fe?* release, it can also be considered as possibility of Fe?* for
precipitation of siderite and goethite (HANSEL ET AL., 2003; HORNEMAN ET AL., 2004). At an
aquifer storage and recovery site in Florida, WALLIS ET AL. (2011) showed that the
mobilized Fe?* forms preferentially complexes with carbonate and precipitated as
siderite. Most of the samples in the Holocene aquifer show pH values around 7.0
indicating the neutral characteristic of the groundwater. The samples from the
Pleistocene aquifer have pH below 7.0, which could be maintained by siderite and
goethite precipitation. The sampled data do not exclude a contribution of goethite to
As retention, but its role is most likely secondary.

2.2.2.3 Model 2. Adsorption of As onto calcite

The second model extends model 1 by addition of the adsorption processes of As onto
calcite.

Despite the widespread presence of carbonate minerals in aquifers, knowledge about
sorption of As on these minerals is limited. The possible role of calcite in sequestering
As has been considered only by a few studies (ROMAN-ROSS ET AL., 2006; Bl BENEDETTO ET
AL., 2006; ALEXANDRATOS ET AL., 2007; S@ ET AL., 2008; YOKOYAMA ET AL., 2009; BARDELLI ET AL,
2011; RENARD ET AL., 2015). YOKOYAMA ET AL. (2009) showed that calcite adsorbs mainly
As>*. However, several studies have pointed out that calcite can also adsorb As>* or co-
precipitate (ROMAN-ROSS ET AL., 2006; JONES ET AL., 2013). On the other hand, it remains
controversial whether calcite can immobilize As®* (S@ ET AL., 2008; YOKOYAMA ET AL., 2009).
S@ ET AL. (2008) observed in their batch experiments little or no As** sorption on calcite
at low (< 5 umol/L) dissolved As** concentrations.

Calcite has been implicated as playing an important role in the retention of As®* where
Fe oxides have lost their adsorbing capabilities, especially when groundwater is
supersaturated with respect to calcite (DI BENEDETTO ET AL., 2006; RENARD ET AL., 2015).
SADIQ (1997) suggested that carbonates play an important role for As adsorption at pH
between 7.5 and 9. The point of zero charge (PZC) of calcite has been shown by MISHRA
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(1978) to be near pH of 8.2. Below the PZC the positively charged calcium-hydroxyl
species (>CaOH?*) are dominant at the surface of the mineral. At higher pH the
adsorbing effect of calcite should be minor, due to the PZC of calcite that changes to
neutral or even negative values. Concentrations of As**in synthetic calcite can exceed 2
g/kg (ROMAN-ROSS ET AL., 2006). In natural calcite As concentrations vary between 120 -
190 mg/kg (COSTAGLIOLA ET AL., 2007). WINKEL ET AL. (2013) measured 913 mg As /kg in
travertine.

At the study site, the measured drop of Ca?* concentration along the groundwater flow
gives information about calcite precipitation at the redox boundary. An increasing
calcite amount can significantly enhance As retention and probably does markedly
contribute to the observed distribution of As in the study site. The consequences of As
uptake by calcite are of considerable relevance because of the ubiquity of this mineral
in the study aquifer and its stability, especially under reducing condition. Therefore,
calcite can represent an effective agent for As retention. The immobilization of As>* by
calcite can also occur by complexation with Ca?* (BOTHE & BROWN, 1999; YOKOYAMA ET AL.,
2012). In the study aquifer, As is mainly present as As>*. Therefore, the complexation
processes with Ca®* observed by the authors (BOTHE & BROWN, 1999; YOKOYAMA ET AL.,
2012) are neglected.

Unfortunately, WATEQ4F database does not comprise constants for the sorption of As
onto calcite. Freundlich isotherms for the adsorption of both As®** and As>* on calcite
have been reported for As concentration range of 1 - 100 pumol/L (JONES ET AL., 2013).
The authors showed that the adsorption of As®* was over 80% of the initial
concentration compared to 50% for As3*. To calculate As adsorption on calcite, these
sorption rates are incorporated into the model.

Dynamic changes in the sorption capacity of ferrihydrite and calcite during precipitation
and dissolution processes play a key role in the mobility of As. These interactions are
modeled by coupling the amount of the surface complex sites to the mass of ferrihydrite
inthe model. The number of sorption sites on the minerals is used as a fitting parameter.

2.2.2.4 Model 3. Competitive sorption

The third model extends model 2 through addition of competition processes for the
sorption sites on ferrihydrite.

The As retention capabilities of the Pleistocene deposits are reduced through the
reductive dissolution and transformation of Fe minerals towards more stable phases.
Furthermore, competition processes cause mobilization of As.

Competitive ion displacement can represent an important process by which As is
mobilized. The influence of competing ions, mainly PO4* and HCOs3, on the sorption of
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As has been observed in different studies (KiM ET AL., 2000; APPELO ET AL., 2002; SWARTZ ET
AL., 2004; ANAWAR ET AL., 2003). Both ions show strong affinity for the potential
competition with both As** and As®*. The high measured concentrations of HCO3 (8.6
mmol/L) and PO4* (4.2 umol/L) in the high As groundwater is the major argument to
include both in the conceptual model.

2.3 RESULTS

In the first step, the model calibration is performed using the observed hydrochemical
composition at both sites.

Reducing conditions establish due to organic matter degradation at the high-As site,
which explains the presence of As®* and Fe?*. The model results illustrate how reduced
groundwater penetrates the aquifer. Consequently, reducing conditions enhance the As
mobilization. A possible source of As at the high-As site are Fe oxides that dissolve (EICHE,
2009). The model results for both sites are presented as full lines together with the field
data in Figure 7.
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Figure 7. The groundwater hydrochemistry at both sites. The depth distribution of Fe?* and
NHa* concentrations in the groundwater. The solid lines reflect model predictions (measured
data from Eiche (2009)).

Elevated NH4* concentrations are simulated at the high-As site, while N, dominates at
the low-As site. Organic rich intervals at depths between ~15 m and ~20 m within the
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upper silty layer are not implemented in the model. Therefore, the quantitative
agreement between the observed results and model predictions for NH4" in this section
is lower. Concentrations of NH4*, Fe?* (Figure 7) and HCOs (Figure 8) all suggest
microbial degradation of organic matter that is most pronounced in the upper part of
the profile at the high-As site and decreases in intensity with depth.

These changes in the hydrochemistry are combined with the oxidation of organic matter
coupled to the reduction of Fe oxide (APPELO & POSTMA, 2005):

CH,0 + 4FeOO0H + 7H* => 4Fe?* + HCO3™ + 6H,0 (2)

Ferrihydrite acts as main electron acceptor at the low-As site. The influence of other
electron acceptors is small due to the low concentrations. The reaction increases the
Fe?* concentrations in the aquifer. The simulated reduction of Fe?* concentration from
0.25 mmol/L to less than 0.1 mmol/L is the result of the reprecipitation of Fe minerals,
especially siderite and goethite.

Significant changes in groundwater chemistry that are observed as a function of calcite
precipitation comprise reduction in dissolved Ca?* concentration from 3.0 mmol/L to
0.2 mmol/L in the upper part of the aquifer, as well as a decrease in HCO3
concentrations declining from 9.0 mmol/L to about 2.5 mmol/L (Figure 8).
Concentrations of HCO3 reflect the degree of groundwater-sediment interaction as well
as microbial mediated organic matter degradation.
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Figure 8. The groundwater hydrochemistry at both sites. The depth distribution of Ca?* and
HCOs™ concentrations in the groundwater. The solid lines reflect model predictions (measured
data from Eiche (2009)).
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The increase in pH caused by the dissolution of Fe oxides induces calcite precipitation
(Equation 3). On the other hand, the lowering in the CO; partial pressure, which is
coupled to the reduction of Fe oxides, intensifies calcite precipitation. Calcite
precipitation takes place at the redox boundary and explains the reduction of Ca?*
concentration. The formation of calcite from a saturated solution can be represented:

Ca®* + HCO3* = CaCO3 + H* (3)

Associated major changes are found also in the saturation indices of calcite (Figure 4).
In contrast to the Low-As site, calculation of saturation indices showed that the
groundwater at the high-As site is supersaturated with respect to calcite.
Oversaturation of the groundwater with respect to calcite at the high As site can be
attributed to the presence of inhibitors (PO4> and a high CO» partial pressure). The
distribution of Ca?* and HCOs concentrations shows larger amounts of CaCOs;
precipitations in the upper part of the aquifer (Figure 9).

Figure 9 shows the distribution of the redox boundary during the simulation time (to and
tso—at the simulation start and after 50 years, respectively). In the model, for simulation
of redox reactions the thermodynamic PHREEQC database is used. Therefore, the redox
boundary represents sharp transition between reducing (pe<0) and oxic (pe>0)
conditions. Significant differences in the As contamination movement are coupled to
the depth variations of related hydrogeochemical composition of groundwater
intruding the low-As site.

Redox boundary

.

Groundwater flow direction

« 300m .
« Low-As site -
0.08 0.02 0.005 » High-As site -~
Calcite [mol/kg] | B L |

Figure 9. Modelled calcite distribution in a cross-section in the Van Phuc aquifer. The simulation
time spans 50 years. The redox boundary position after 0 and 50 years is shown by arrows to
and tso, respectively.

Groundwater As concentrations have a variable spatial distribution in the model (Figure
10), with concentrations ranging from 0.1 to 6.0 umol/L. The model results show that
As*is the dominant species. More than 90% of As in the groundwater is present as As>*.
The dissolved As concentrations is declining with depth, and so is the Fe?* concentration.
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This suggests that the processes that mobilize As and Fe?* at the high-As site are
coupled. Arsenic concentrations at the high-As site range between 3 umol/L and 4
ummol/L. The results provide a deeper understanding of the observed dissolved
distribution of As and its evolution over a period of 50 years (Figure 10).

Groundwater flow direction Redox boundary

l tSO
Low-As site

t0
l High-As site

A

40 m

300 m

25 years

e

300 m

6.04530150
As (lll) [umol/L] | I

Figure 10. Arsenite distribution in a cross-section in the Van Phuc aquifer. The simulation results

after 0, 25 and 50 years. The redox boundary position after 0 and 50 years is indicated by arrows
to and tso, respectively.
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The extent of As pollution in the aquifer is controlled by the distribution of Fe oxide
reducing processes. When As-rich ferrihydrite undergoes reductive dissolution, As is
mobilized along with Fe?* and HCOs". High As concentrations in Figure 10 allocate the
zone of Fe oxide reduction and coupled As mobilization.

The dissolved As concentration is gradually decreasing along the groundwater flow path
(Figure 11). The model results reflect a reduction along the flow path at the redox
boundary induced by sorption processes. The comparison of the field measurements
and model results show similar As levels.
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Figure 11. The groundwater hydrochemistry at both sites. The depth distribution of arsenic
concentration and pH in the groundwater. The solid lines reflect model predictions (measured
data from Eiche (2009)).

Precipitation of calcite, green rust, siderite and goethite lowers Ca?* and Fe?*
concentration at the low-As site. The precipitation of Fe oxide leads to a sharp pH
reduction at the area next to the redox boundary (Equation 1, 4 and Figure 12). In Figure
A-1, Figure A-2 and Figure A-3 the simulated distribution of Ca%*, NH4* and pH over the
past 50 years are presented.

FeOOH + 3H* +e" = Fe?* + 2H,0  (HASHIMOTO & Misawa, 1973) (4)
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Figure 12. The distribution of pH in a cross-section in the Van Phuc aquifer. The simulation time
equals to 50 years. The redox boundary position after 0 and 50 years is indicated by arrows to
and tso, respectively.

The redox zonation varied as a result of the hydrogeochemical differences, which were
described in detail by EICHE (2009) between the high-As and the low-As sites. The
observed hydrochemical pattern suggests microbial degradation of organic matter as
an important process, which is most pronounced in the upper part of the profile and
decreases with depth. Iron oxide acts as electron acceptor by organic degradation.
Microbial oxidation of organic matter and coupled reductive dissolution of Fe oxide are
the important processes remobilizing As.

Quantitative agreement between the observed results and model predictions is high.
Overall, the calibrated reactive transport model reproduced closely the observed
hydrochemical patterns at both sites. The calibrated model serves as the basis for the
scenarios.

Comparison of the conceptual models

In this part, the effects of previously hypothesized processes in the conceptual model
on the As retention in Van Phuc are quantified. Numerical models of different
complexity are used to assess the influence of each process on the As retention in the
aquifer. Figure 13 illustrates the results of simulated As concentration profiles to varying
hydrogeochemical conditions after 50 years. The results illustrate a strong impact of Fe
oxide and calcite as well as a significant impact of the PO4* and HCOs™ concentrations
on As retardation rates within the Pleistocene aquifer. The way to present the results of
the conceptual models is to plot the As concentration as a function of space (Figure 13).
The figure shows the distribution of dissolved As concentration in the upper part of the
aquifer.
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Figure 13. Arsenic concentration profile along the groundwater flow path. The As concentration
is normalized to the concentration in the Holocene aquifer in the upper part (co = 4 umol/L).
Model 1: sorption onto ferrihydrite; model 2: sorption onto ferrihydrite and calcite; model 3:
sorption onto ferrihydrite and calcite including competition processes with POs3 and HCOs". In
model 2 and 3, the reduction of As concentrations in the calcite precipitation zone by around
20 % is observed.

High As concentrations are mainly observed in the reductive zone near to the redox
boundary. Induced by the organic matter degradation, the reductive dissolution of
Fe(OH)s leads to a reduction of sorption sites and As mobilization. Protection against
lateral migration of As into the Pleistocene aquifer is provided by the sorption onto Fe
oxides and calcite. The transport of As is strongly retarded by sorption processes. The
penetration distance of the As contamination after 50 years is equal to 150 m. Arsenic
retention occurs upon a transition from reducing to oxidizing conditions.

Initial model simulations included only the adsorption of As onto Fe oxide. In the next
model, As adsorption onto calcite is implemented. As a result, model 1 is revised to
include the As adsorption onto calcite. In comparison to model 1, the results in model
2 shows increasing over time influence of calcite on As retention. The revised model
showed the reduction of dissolved As concentration at the redox boundary. The results
are consistent with a strong coupling between calcite precipitation and As retention.
The precipitated minerals control the retention of As®*, and newly released As into the
aquifer as organic matter reduces Fe oxides. Calcite precipitation takes place at the
moving towards redox boundary during the whole simulation period over 50 years.
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Subsequently, the total mass of calcite and the associated sorption capacity successively
increased over time. This resulted in increasing attenuation of As due to sorption onto
calcite. Therefore, the reduction of As concentration in the groundwater during the first
15 years reflects the adsorption of As mainly onto Fe oxide. The effect of calcite on the
As retention is more pronounced in the period between 15 and 50 years. In the calcite
precipitation zone, As concentrations decline by 20 % from 4.0 umol/L to about 3.2
umol/L in the calcite precipitation zone as well as in the peak at the redox boundary
from 8.0 umol/L to about 6.4 umol/L. Therefore, ferrihydrite adsorbs about 80 % of As.
In this period Fe oxides get reduced while calcite remains stable. The rate of
precipitation and spread of the precipitation zone depend on the transport velocities of
the reactants into the Pleistocene aquifer. In comparison to model 2, the results in
model 3 show that PO43> and HCOs™ strongly compete with As for surface site and have
been shown to inhibit As adsorption by Fe oxides. The competition processes caused a
decrease in As adsorption and resulted in lower dissolved As concentrations at the redox
boundary.

All three models show a sharp increase of dissolved As concentration at a distance of
around 50 m. This peak in dissolved As concentration is due to the release of As coupled
to the reduction of ferrihydrite. Iron oxide reduction induced through DOC oxidation
caused the release of newly adsorbed As. The modeling results imply that the
hydrogeochemistry of the aquifer system is not in steady-state. Shifts in the redox state
arising from the reduction of Fe oxides are responsible for rapid chemical changes in
groundwater.

2.4 DISCUSSION

The approach presented here extends previous works (VAN GEEN ET AL., 2013; RATHI ET AL,
2017), which considered As retention in the Pleistocene aquifer in Van Phuc, by
examining the adsorption of As onto calcite. VAN GEEN ET AL. (2013) derived the
adsorption properties by determining the in-situ retardation using a conceptual site
model. In their model, the obtained intrusion distance of the As plume into the
Pleistocene aquifer over the last 50 years is equal to about 150 m. RATHI ET AL. (2017)
performed modelling approach to simulate the results of laboratory experiments. In the
next step, the model was used to estimate the As retention in the village Van Phuc. RATHI
ET AL. (2017) found that the As adsorption onto Fe oxides can explain the measured
retardation of the As contamination in the Pleistocene aquifer documented by VAN GEEN
ET AL. (2013). In general, the results obtained in these studies are comparable to the
presented results (Figure 14).
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Figure 14. The comparison of the arsenic concentration profiles produced using the present
model and the approaches of van Geen et al. (2013) and Rathi et al. (2017).

In comparison to the more dispersed plumes by VAN GEEN ET AL. (2013) and in model 3,
the As front in the model by RATHI ET AL. (2017) has steep slope. The shape of the front
is controlled by high adsorption rates. The neglection of calcite as sorption surface by
RATHI ET AL. (2017) led to an overestimation of the Fe oxides sorption capabilities
resulting in the rapid drop of the As concentrations. The simulated As concentration
using model 3 that peaks near the plume fronts is related to the reductive dissolution
of Fe oxides. The competition processes between As** and PO4> are used by RATHI ET AL.
(2017) to explain this peak. However, model 2 (without competitive processes) shows
the same distribution with smaller amplitude.

In the model 3, a competitive effect of PO4*> and HCO3 on the adsorption of As3*
decreases the adsorption of As onto ferrihydrite. Thus, competitive sorption of PO4*>
and HCOs™ onto Fe oxide surface contribute to the intrusion of As into the low-As site.
The simulations imply that a displacement of the adsorbed As by HCO3 and PO4* is
relevant.

Both As3* and As>* were shown to be efficiently removed from aqueous solutions by Fe
oxide, especially ferrihydrite (APPELO ET AL., 2002; ANAWAR ET AL., 2003; AMIRBAHMAN ET AL.,
2006; JESSEN ET AL., 2012; MAI ET AL., 2014; RAWSON ET AL., 2016; POSTMA ET AL., 2017) and
calcite (ROMAN-ROSS ET AL., 2006; BARDELLI ET AL., 2011; JONES ET AL., 2013). Most model
studies analyzing the spatial variations of the As concentrations in groundwater in terms
of microbiological and hydrogeochemical processes have focused on the adsorption of
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As onto Fe oxides. The results of the current model confirm this suggestion. In the
model, a significant amount of As adsorbed onto Fe oxide is confirmed by the finding of
EICHE (2009). Ferrihydrite adsorbs over 80 % of As®*. In agreement with WILKIE & HERING
(1996), the model results show that the sorption processes onto Fe oxide could be
adequately described by considering only a single adsorption site. The simulated As/Fe
ratio of 0.25 mmol/mol in the sediments is in agreement with the reported values by
KOCAR & FENDORF (2009) (0.2 mmol/mol). An appreciable fraction of As3* forms weak
complexes on Fe oxides. Therefore, the reductive dissolution of Fe oxides is a primary
factor remobilizing As.

However, in general, there is a poor correlation between dissolved Fe?* and As
concentrations. Thus, this process does not fully explain the patchy As distribution in
contaminated aquifers (APPELO ET AL., 2002; YOKOYAMA ET AL., 2012). EICHE (2009) showed
that dissolved As concentrations were poorly correlated with dissolved Fe?*
concentration at the study site in Van Phuc. For a long time, the retention capabilities
of calcite were largely ignored. The neglection of calcite as sorption surface leads to an
overestimation of the Fe oxides sorption capabilities. Therefore, capturing the behavior
of As in groundwater by only considering adsorption onto Fe oxides is insufficient and a
more comprehensive approach is needed including major processes controlling
hydrogeochemistry. At the study site, Holocene groundwater is oversaturated with
calcite. The model results show that most calcite precipitation proceeds at the redox
boundary. Precipitated calcite, which is primarily a result of a CO; pressure drop and pH
increase, acts as a sorption surface for mobilized As from Fe oxides in the aquifer.
Arsenic adsorption onto calcite at the redox boundary explains the remarkable
reduction in dissolved As concentration along the whole intrusion path. Due to a higher
stability calcite retains As for a longer time. The adsorbed As onto calcite could not be
easily released, because calcite is unaffected by redox changes unlike Fe minerals
(YOKOYAMA ET AL., 2012). The amount of precipitated calcite increases over time. Hence,
in the simulation period between 35 and 50 years, the impact of calcite on the As
retention process grows up to 20%. HARVEY ETAL. (2002) and SWARTZ ET AL. (2004) showed
that calcite dissolution is accompanied by As release. The authors observed a
correlation between dissolved As and Ca?*.

Another aspect of the data presented in this study is that it provides an explanation for
the low correlation between As and Fe observed in several researches (APPELO ET AL.,
2002; ANAWAR ET AL., 2003; BERG ET AL., 2008; EICHE ET AL., 2009; WANG ET AL., 2012; GUO ET
AL.,2013; GUO ETAL., 2017). In agreement with GUO ET AL. (2013), precipitation of siderite
and goethite is expected to attribute to this inconsistent trend. At the study site,
goethite and hematite are much more common in the Pleistocene aquifer (EICHE, 2009).
ZACHARA ET AL. (2002) and HORNEMAN ET AL. (2004) suggests that the reduction of
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ferrihydrite induces an alteration of more stable minerals such as goethite without the
release of Fe?* into groundwater. Therefore, the release of As is delayed relative to Fe?*.
The model results show a clear pattern of conversion of Fe oxides towards siderite and
goethite, however, only through dissolution/precipitation processes. Kinetically
controlled transformation of Fe oxide into more stable crystalline phases presented by
POSTMA ET AL. (2016) are not implemented. Transformation of ferrihydrite to goethite
decreases the available surface area (APPELO ET AL., 2002; APPELO & P0OSTMA, 2005). In
agreement with the results of ZACHARA ET AL. (2002), As3* shows reversible sorption onto
goethite. In model simulations that did not consider goethite and siderite precipitation,
dissolved Fe?* concentrations are considerably overestimated compared to the
measured concentrations. The impact of the newly precipitated goethite on the As
retention is relatively low and therefore is not presented in more details.

The competition processes for sorption surfaces play an important role in the spatial
distribution of As. Some researchers have explored the competitive adsorption between
AsO33 or AsO4* and HCO3™ or PO4*> using surface complexation model (APPELO ET AL.,
2002; JESSEN ET AL., 2012; MAI ET AL., 2014; RATHI ET AL., 2017). According to the DZOMBAK
& MOREL (1990) model, ferrihydrite and goethite have significantly different adsorption
capabilities. In contrast to goethite, ferrihydrite strongly adsorbs HCO3™. On the other
hand, the authors observed stronger adsorption of PO4* on goethite than on
ferrihydrite. MAIET AL. (2014) also showed that only PO43 seems to have an effect on As
adsorption and only at PO high concentrations, while HCOs™ had little or no effect.
RATHI ET AL. (2017) investigated the retardation of As onto the Van Phuc aquifer
sediments and found that As adsorption depends on the PO4> concentration in the
groundwater. In the present model, the effect of both processes on the As retention is
relatively low and lies under 10 %. Due to the large scale of the model, the documented
differences by DzoOMBAK & MOREL (1990) in the competition capabilities of HCOs™ and
PO4*> cannot be quantified.

2.5 CONCLUSION

According to PHAST and PHREEQC modelling results, possible mechanisms for As
retention in Van Phuc are explored. Adsorption of As by several minerals, organic matter
oxidation, as well as other possible chemical reactions like precipitation/dissolution and
oxidation/reduction are considered in the simulations. The redox boundary marks an
important hydrogeochemical interface controlling the speciation and mobility of As. As
shown by BERG ET AL. (2008), the large groundwater extraction in Hanoi resulting in the
intrusion of the reduced Holocene groundwater into the Pleistocene aquifer has
changed the distribution of the hydrogeochemical processes in the region.
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The redox state of the aquifer has a major impact on the chemical composition of
groundwater in Van Phuc. The microbiological degradation of organic matter plays an
important role for the distribution of redox conditions. Under predominantly reduced
conditions in the Holocene aquifer, dissolved As is transported dominantly as As3*. In
the Pleistocene aquifer, its migration is strongly affected by sorption onto ferrihydrite
and calcite. Calcite is the more stable mineral under changing redox conditions and,
therefore, presents an appropriate mineral trap for As, whereas the reductive
dissolution of Fe oxides is responsible for the remobilization of As. Although As
adsorption onto calcite initially provided a negligible influence on the As distribution, its
overall contribution increased over time up to 20 %. Overlooking the critical role of
calcite as sorption sites explains the absence of a relationship between sediment-bound
and dissolved As concentrations. The formation of calcite that adsorbs As in the aquifer
helps to explain inconsistencies in the relation between dissolved As and Fe?*
concentrations in groundwater.

The process of As adsorption onto calcite is applicable for the part-explanation of the
As retention in Van Phuc. Calcite can play an important role for As retention where Fe
and Mn oxides have low concentrations or lost their adsorbing effectiveness due to e.g.
reductive dissolution.

Many As contaminated aquifer are supersaturated with respect to calcite, suggesting
that calcite can play an import role also there. Thus, As retention by calcite must be
investigated in the systems with varying redox conditions like at the current study site.
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Chapter 3. Field assessment of the impact
of water mixing processes on As dynamics
in the vicinity of pumping and infiltration
wells at a pump-and-treat site in South-
West Germany
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3.1INTRODUCTION

Extraction activities usually are essential in (1) drinking water production, (2) pump-and-
treat remediation techniques, (3) and aquifer thermal energy storage systems. The
extraction of groundwater triggers a series of hydrogeochemical and microbiological
reactions that modify the chemical quality of groundwater and mineralogical
composition in an aquifer. Chemical compositions of groundwater often show
concentration gradients with depth as well as in lateral context (APPELO & POSTMA, 2005;
BONTE ET AL., 2015). The expected impact of induced mixing processes depends on the
type (redox, pH or temperature) and magnitude of the gradient (APPELO & POSTMA,
2005). Therefore, the understanding of the hydrogeochemical zonation is required to
predict and reduce environmental risks such as the mobilization of As in groundwater.

Pump-and-treat systems include groundwater extraction of contaminated and
infiltration of treated water as a part of the remediation strategy (KEELY & BOULDING,
1989). Groundwater extraction wells are often susceptible to clogging (HOUBEN &
TRESKATIS, 2003). In extraction wells, physical and hydrogeochemical processes,
sometimes in combination with microbiological activity cause well clogging (DE ZWART,
2007; POSSERMIERS, 2014). Well clogging due to Fe minerals and calcite precipitation is a
widespread problem in aquifers with varying chemical conditions (DE ZWART, 2007,
HOUBEN & WEIHE, 2010; WEIDNER, ET AL., 2012; HENKEL ET AL., 2012; MEDINA ET AL. 2013;
SHTIRKIN, 2013). The formation of clogging material is generally a result of mixing waters
with different chemical compositions. HOUBEN (2003) recognized the mixing of oxic and
anoxic groundwater due to extraction well operation as the primary cause of well
clogging by Fe minerals. The common problem associated with water infiltration as well
asin the case of extraction wells is reduction of permeability due to well clogging (COHEN
ET AL., 1997). Calcite precipitation can be caused by infiltrating water with different
temperature and CO; partial pressure than the ambient water in the aquifer, which
occurs for ASR and pump-and-treat systems (PROMMER & STUYFZAND, 2005; WALLIS ET AL.,
2011; SHTIRKIN, 2013).

The behaviour of As under laboratory conditions has been observed and successfully
discussed by several numerical modelling approaches (DzoMBAK & MOREL, 1990; APPELO
ET AL., 2002; POSTMA ET AL., 2007). Well-documented examples of As mobilization exist
for managed aquifer recharge (WALLISET AL., 2010), aquifer storage and recovery (WALLIS
ETAL., 2011; LAZAREVAETAL., 2015) and aquifer thermal energy storage systems (BONTE ET
AL., 2013A). However, numerical models in three-dimensional context are still missing,
which allows to assess the lateral groundwater movement in aquifers. In contrast to
previous studies observing mixing processes only in vertical and horizontal 1D/2D
orientations (BONTE ETAL., 2014; POSSEMIERS, 2014), a three-dimensional approach is used
in this study.
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The present study aims to identify the hydrogeochemical processes induced by altering
groundwater extraction and infiltration and their effect on the precipitation of Fe
minerals and calcite, and the As enrichment process on clogging material. The study
uses reactive transport modelling, which is based on the hydrogeochemical data from a
pump-and-treat system in South-West Germany. For reasons of data, the exact location
of the study site is not published.

3.2 MATERIALS AND METHODS

The development of the model includes the following steps:

e the development of a conceptual model;

e translation of the conceptual model into a numerical model;

e calibration of the numerical model to observed field conditions;

e application of the numerical model to better understand the distribution of As in
the aquifer.

3.2.1 STUDY SITE. DATA SET DESCRIPTION

The study is performed at a former manufactured gas plant site located near Mannheim,
in  South-West Germany. The site offers a comparably comprehensive
hydrogeochemical database (ARCADIS, 2016), well-defined site hydrogeology and a
regional groundwater flow model (ARCADIS, 2012).

The impact of bombing of the site during World War Il as well as continued leakages led
to various contaminations of the sediments and groundwater in the subsurface. The
contaminants are typical for gasworks, such as BTEX, PAH, phenols and NSO-HET. The
primary pollutants are BTEX and PAH (Figure 15).
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Figure 15. Spatial distribution of the NAPL bodies (PAH and BTEX) in the subsurface based on
data from ARCADIS (2012).

The contaminants are found as NAPL bodies as well as dissolved in groundwater.
Naphthalene, acenaphthene and benzene are the most prominent compounds in the
plume. The spatial distribution of PAH compounds in the groundwater is shown in Figure
16. The measured concentrations are also listed in Table A-4.
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Figure 16. Spatial distribution of PAH compounds in the groundwater based on data from
ARCADIS (2016). The pie charts display the main contaminants.
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The pump-and-treat system under investigation was constructed in 2011. According to
the remediation concept, 11 pumping wells extract contaminated groundwater from
different depths. The total extraction rate is equal to 40 m3*/h and depends on
infiltration capabilities of the infiltration wells. The extracted water after treatment is
infiltrated into the aquifer using 31 infiltration wells. The infiltration and extraction
activities markedly affect the groundwater flow path in the research area. The boundary
conditions are described in detail in the following paragraphs.

Hydrogeology

The gasworks site is flat and located in the Upper Rhine Valley on the lower terrace
formed in the last ice age (Wirm). Hydrogeological conditions at the site intensively
have been investigated over the previous fifteen years. Based on the gathered data, a
three-dimensional hydrogeological and hydrogeochemical site model was developed.
The porous aquifer is approximately 30 m thick. At the bottom, the aquifer is delimited

by the clays. The aquifer can be divided into three layers with respect to hydraulic
permeability (ARCADIS, 2012) (Figure 17).
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Figure 17. Schematic three-dimensional hydrogeological site model. The hydrogeological
model based on data from ARCADIS (2012).
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Hydraulic permeability in the first layer is determined within the range
3 x 103 - 2 x 10* m/s. Pumping tests yielded for the second and the third layer a
relatively small hydraulic conductivity between 5 x 10° m/s — 6 x 10® m/s. The wells are
mainly screened in the first high permeable layer. For the entire aquifer, effective
porosity of 15 Vol-% is assumed. The overall hydraulic gradient is found to be 0.002 with
a main flow direction to the north-west. Recharge was estimated to occur over most of
the study area at around 210 mm/year (ARCADIS, 2012).

Hydrogeochemistry

Groundwater sampling was performed in three different depths (7-12 m, 15-19 m and
24-28 m) using a multiple-level packer sampling method. The sampling campaign was
carried out by ARCADIS in November 2014 (ARCADIS, 2016).

The hydrogeochemistry of the uncontaminated aquifer part is characterized by aerobic
conditions with the measured dissolved O, concentrations up to 0.13 mmol/L. The
ambient groundwater also contains both, NOs™ and SO4% at concentrations up to 0.18
mmol/L and 3.4 mmol/L, respectively. The pH ranges between 6.8 and 7.1. The
contaminated site of the aquifer due to BTEX and PAHs microbiological degradation is
mainly characterized by reducing conditions as indicated by the respectively high Fe?*
and Mn?* concentrations and low O (< 0.003 mmol/L) and NOs3 levels (< 0.01 mmol/L).
Sulfate concentrations within the plume are found to be lower than the background
concentrations, approximately 2.7 mmol/L (Table 6) (ARCADIS, 2016). The pump-and-
treat system infiltrates oxygenated treated water into the reduced aquifer. In the
contaminated site, the main source of NOs”and O3 (up to 1.1 mmol/L and 0.14 mmol/L,
respectively) is the treated infiltration water (Table 6).
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Table 6. The hydrochemical composition of the background (measured in GK17), infiltration
(measured in the treatment plant outlet) and contaminated water (mean measured
concentrations in B3-16, B3-17, B3-18) (based on data from ARCADIS (2016), measured July
2015). The location of the wells showed in Figure 16.

EC [uS/cm] 1920 1750 1890
Temp [°C] 13 17 15
pH (-] 6.8 7.0 7.1
Astot [umol/L]  <0.01 <0.01 0.35
PO,* [umol/L]  <0.6 <0.6 <0.6
Na* [mmol/L] 2.6 2.4 2.7
Ca% [mmol/L] 4.1 3.9 4.5
Kt [mmol/L] 0.1 0.1 0.1
Mg?* [mmol/L] 14 1.2 0.9
Fe?* [mmol/L] 0.007 0.003 0.057
Mn2* [mmol/L] 0.011 0.002 0.012
Cl [mmol/L] 3.1 2.6 2.9
NOs [mmol/L] 0.18 1.12 <0.01
NH4* [mmol/L] <0.003 4.2 5.3
(o)) [mmol/L] 0.13 0.14 <0.003
S04+ [mmol/L] 3.4 2.5 2.7
S* [mmol/L] <0.0006 <0.0006 0.01
HCOs [mmol/L] 8.7 8.4 9.9

The measured pH values are nearly neutral. The As concentrations in the groundwater
samples are below detection limit, except pumping well B3-17 (0.35 pmol/L).

The dominant minerals in the aquifer are quartz (59 wt-%), mica (18 wt-%) and k-
feldspars (12 wt-%) (SHTIRKIN, 2013). Calcite and Fe minerals such as ferrihydrite,
hematite and goethite are also present. However, their concentrations are below 5 %
and therefore could not be quantified. Except for the clogging material in well B3-17,
the As concentrations in the solid phase are under detection limit. In the clogging
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material consisting mainly of Fe sulfide and calcite, the measured As concentration is
9.6 ppm (SHTIRKIN, 2013).

3.2.2 CONCEPTUAL MODEL AND REACTION NETWORK IMPLEMENTATION

The model is based on the regional flow model created using MODFLOW 2005
(ARCADIS, 2012). The hydrogeological parameters are adopted unchanged. The reactive
transport model is cut out from the regional groundwater model. The cut is performed
so that the path lines between the infiltration and pumping wells do not extend beyond
the boundaries. The model extension is chosen based on the distribution of the
remediation areas (Figure 20). The axes are oriented parallel and orthogonal to the

general groundwater flow direction (Figure 18).
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Figure 18. The groundwater water flow path. The boundaries of the reactive transport model
(blue isolines are result from ARCADIS (2012)).

The ambient flow field simulated by constant boundaries at east and west boundaries
of the mode domain. The measured extraction rates vary considerably depending on
the infiltration capabilities of the wells. Mean extraction and infiltration rates from the
year 2016 are implemented into the model (ARCADIS, 2016) (Table 7).
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Table 7. Mean extraction and infiltration rates from the year 2016 implemented in the model
(ARCADIS, 2016).

B3-16 1.88
B3-17 2.89
B3-18 1.35
V2-5 0.30
V2-6 0.43
V2-7 0.16
V2-8 0.89
V2-9 0.53
V2-10 1.02
V3-9 0.87
V3-10 1.33
V3-11 1.69
V3-12 1.49

The model grid is depicted in Figure 19 and includes 13 wells (10 infiltration wells and
three pumping well). The current model area is discretized into a finite-difference grid
of 116 columns and 96 rows. The grid has a lateral extension of 330 m in x and 280 m in
y direction. The grid cell sizes change from 5 m at the model boundaries (first 40 m) to
2.5 m at the center of the model. For this model, a fine vertical discretization (Az = 2.0
m) is used.
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Figure 19. The model grid with the extraction and infiltration wells. The arrow shows preferred
flow direction of groundwater.

The temporal discretization is 0.2 days. Recharge is kept constant at 210 mm/year. Table
8 provides details on the model discretization and initial conditions.

Table 8. Summary of discretization, model parameters and initial conditions used for modelling
(ARCADIS, 2012).

Model parameters Unit Value

Model dimensions x *y * z [m] 330 * 280 * 26
Discretisation Ax [m] 5 (outside) and 2.5 (inside)
Discretisation Ay [m] 5 (outside) and 2.5 (inside)
Discretisation Az [m] 2

Hydraulic conductivity [m/s] 3x103-6x10°

Effective porosity (%] 15

Longitudinal dispersivity [m] 1

Horizontal transversal dispersivity [m] 0.1

Vertical transversal dispersivity [m] 0.1

Longitudinal ay, transverse horizontal ary and transverse vertical arv dispersivities are
initially assumed to be 1 m, 0.1 m and 0.1 m, respectively. To estimate the horizontal
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transverse dispersivity ari the commonly used relationship of ams = 0.1 x aiis used
(BLUM ET AL., 2009).

The following boundary conditions in the groundwater flow model are determined:

e the Dirichlet (first-type) boundary conditions: groundwater inflow in the
southeast and outflow in the northwest,

e inner boundary conditions: 3 extraction and 10 infiltration wells,

e groundwater recharge: the average groundwater recharge of 210 mm/year.

Figure 20 shows an overview of the boundary conditions of the groundwater model and
also the distribution of the calibrated hydraulic conductivity values in the first layer.
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Figure 20. Boundary conditions. Hydraulic conductivity distribution in the first layer (the
distribution based on the data from ARCADIS (2012)).

To provide confidence that the model is representative, a steady-state calibration was
conducted using the measurement collected in November 2016. The mean absolute
error has only limited applicability for assessing the quality of the model calibration. The
calculated model error should be therefore set in relation to a measured range. To
quantify the model error, the difference between the highest and lowest measured
groundwater level (hmaxmea -hminmea) is included:
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1 n
f= Z('hmea,i - hcal,il)
i=1

n(hmax,mea - hmin,mea)
where f =error
n = measurements number
Rmaxmes = Max. measured groundwater level
Rminmes = Min. measured groundwater level

The observed groundwater levels are plotted against the simulated water levels in a
scatterplot (Figure 21). Deviations from the straight line indicating a perfect match
between the observed and simulated values should be randomly distributed indicating
that there is no bias towards over or under predicting the groundwater levels.
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Figure 21. Steady-state situation. Scatter plot. Deviations between measured and simulated
groundwater levels.

In the Figure, the points are evenly arranged around the diagonal, i.e., no tendency to
shift can be observed. The mean absolute error is 0.02 m. The calculated model error
of 4.4 % indicates a good model calibration. Typically, a model is considered as good
calibrated with 5 % or less. The used data and the results are also presented in Table A-
5.

Reaction network

The calibrated groundwater flow model represents the basis for a reactive transport
model. The reactive transport simulations are performed to interpret the
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hydrogeochemical observation at the study site. The reactive transport model
incorporated the mineralogical data along with the observed groundwater
compositions collected by SHTIRKIN (2013) (Table A-4). The site-specific reaction network
included (1) immobile NAPL bodies, (2) the major ions and (3) the main minerals.

The initial groundwater concentrations of electron acceptors and major ions are based
on the observed groundwater composition presented in Table 6. The concentrations are
adopted from the measurements that were conducted toward the upstream boundary
at GK17 (Table A-4). For simplicity initial (ambient) compositions are homogenously
distributed in the model domain. The same composition is also used to define the inflow
boundary and the recharge water composition. The PHREEQC code is used to define an
equilibrated initial aqueous composition. Speciation of all major ions, mineral
dissolution/precipitation and redox reactions are equilibrium-based.

The measured data indicate the presence of two NAPL bodies in the underground
(Figure 22). The NAPL sources are represented in the model as a mass of immobile
liquids. The initial mass of the NAPL bodies is assumed to be unlimited large to keep the
dissolution rate constant over time. In the model, the NAPL bodies are considered at
constant concentrations and homogeneously distributed in the source zone within the
initially pristine aquifer.

Kinetically controlled dissolution from the NAPL bodies is implemented in the model to
act as the sources of the dissolved hydrocarbon compounds. The dissolution of the
contaminants is expressed through the first order mass transfer equation. The mass
transport coefficient is determined during the model calibration.
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Figure 22. Spatial location of NAPL source areas (the turquois cubes) in the model for the entire
area (the wells in pink).
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The two-step partial equilibrium approach (BRUN & ENGESGAARD, 2002; JAKOBSEN & COLD,
2007) is considered in the simulation of the contaminant decomposition and redox
processes. Kinetically controlled degradation is simulated by transforming conservative
BTEX and PAH compounds into ,reactive” CH,0O, which is oxidized in the PHREEQC code
according to the thermodynamic equilibrium (PROMMER ET AL., 1999; PROMMER ET AL.,
2006; D’ AFFONSECA ET AL., 2008). In the two-step approach the electron accepting step is
modelled as an equilibrium reaction. In this approach the reactivity of the CH,O
determines the overall rates of the processes in groundwater. To represent the redox
conditions, all compounds affecting the electron balance needed to be identified. The
electron acceptors associated with the degradation of CH,O are listed in Table 9.

Table 9. The main assumed reactions in the study area, which were considered for the model
(Fetter et al., 1999; Appelo & Postma, 2005; Merkel & Planer-Friedrich, 2008).

Organic matter oxidation via Oz 0O, + {CH,0} => CO; + H,0

Organic matter oxidation via NO3" 4NO3™ + 5{CH,0} + 4H* => 2N, +CO; + 7H,0
Fe minerals dissolution/precipitation Fe?* <=>Fe3 + e

SO4% reduction S04% + 2{CH,0} + H* => 2C03 + HS™ + 2H,0"

The model also accounts for the secondary reactions e.g. mineral precipitation and
dissolution. The mineral assemblage including calcite, pyrite, and ferrihydrite, is based
on the results of sediment analysis using X-ray diffraction (Figure A-7). Mineral
precipitation/dissolution is included as equilibrium reactions based on the PHREEQC
standard database. Due to the oxidizing ambient hydrogeochemical conditions, pyrite
is assumed to be initially absent.

3.3 RESULTS

Redox Zonation

The reactive transport model is used to evaluate the factors that control the distribution
of redox zones. This should form a basis for understanding the measured As enrichment
on the clogging material in well B3-17.

In the first step, the reactive transport model is calibrated to precisely reproduce the
hydrogeochemical conditions at the study site. The set of physical model parameters
(hydraulic conductivity, porosity, and dispersion (Table 8)) is not further modified.
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During the calibration phase of the model, it became clear that several hydrogeological
factors affect the hydrogeochemical situation in the vicinity of the extraction wells. The
most important factors are found to be (1) mixing processes and (2) altering extraction
rates.

After the start of the simulation, reducing conditions develop within the source zone
and penetrate the initially aerobic part of the aquifer. Figure 23 shows the simulated
organic pollutant plume contours after 500 days. After 500 days in the area between
infiltration and extraction wells, the concentration distributions of all main parameters
reach steady-state.

The dissolution, transport and degradation of the organic contaminants are the main
drivers for the hydrogeochemical changes in the aquifer. The groundwater samples
allowed the delineation of contaminant plumes (Table A-4). The objective here is to
determine the distribution of the redox zones knowing the distribution of the plume. To
answer this question, the evolution of the plume must be modelled. In Figure 23 the
simulated distribution of dissolved contaminants in the aquifer is presented.

extraction infiltration

GW flow direction
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Figure 23. Calculated distribution of contaminant (C/Co) in the aquifer after 500 days. Red line
is mixing and redox boundary.

Background groundwater (Table 6) was found to be oxic with 0.18 mmol/L NOs.
Electron acceptors, mainly NOs and SO4%, are sequentially consumed during microbial
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degradation of the pollutants. In fact, under these circumstances, it appears that the
degradation of the contaminants leads to reduction of the concentrations in the plume.

Nitrogen compounds in the contaminated groundwater exist mainly as NH4"
(Figure A-4). Air stripping and granular activated carbon units are used in the treatment
plant to remove organic compounds. After treatment, O2, NOs and SO4% are present,
while reduced species (Fe?* and NH4*) are absent or occurred at very low
concentrations. So, during the treatment process ammonium is oxidized to NO3™ (Table
A-4).

Treated groundwater is used as injectant. The controlling factor for denitrifying
microbial degradation is the NO3™ flux into the contaminated area. The main source of
NOs at the contaminated site is the treated infiltration water. In the model, the
infiltration water is rich in NO3 and SO4* with 1.12 mmol/L and 3.4 mmol/L,
respectively. The water is passing through the NAPL source zone, where the organic
contaminants dissolve into the aqueous phase (Figure 24).
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Figure 24. Calculated distribution of NO3™ in the aquifer. Red line is mixing and redox boundary.

The distribution of NO3 is substantially affected by denitrification, leading to complete
NOs removal within short distances from the infiltration wells. Kinetically controlled
redox reactions cause the sharp redox boundaries in the downstream of the infiltration
wells. Within the zone between the infiltration and extraction wells, the redox
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conditions become reducing, in the down-gradient direction. Dissolved O, and NOs
concentrations are below detection levels in B3-17. The calibrated model could
reproduce the measured NO3™ concentrations at most wells of the field site reasonably
well (Figure 25).

Calcite

The contaminated groundwater has a higher HCO3™ concentration of around 10 mmol/L
due to contaminant degradation. Subsequently, the model shows that the
contaminated groundwater reaches with a high CO; pressure the infiltration and
extraction wells.

High CO, concentrations induce calcite dissolution in the contaminated part of the
aquifer. The process leads to an increase of the dissolved Ca?* concentrations (Figure
25).
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Figure 25. The groundwater hydrochemistry in V2-10 and B3-17. The depth distribution of NO3"
and Ca?* concentrations along the flow path. The solid lines reflect model predictions
(measurements from ARCADIS (2016) (Table A-4)).

The contaminated groundwater is oversaturated with respect to calcite. Calcite
precipitation is observed in the infiltration wells as well as in the extraction wells (Figure
26). However, the simulated calcite concentrations in the extraction wells are much
lower in comparison to the infiltration wells.
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Figure 26. Calculated distribution of calcite precipitation (C/Co) in the aquifer.

Main factor controlling the process is the partial pressure of CO,. Before infiltration, the
treated water is stored in tanks. During the storage time, the water equilibrates with
ambient air, which has lower CO, pressure compared to the aquifer. During the
infiltration, the differences in CO; pressure and pH induce calcite precipitation. The
mixing between the contaminated groundwater and treated infiltration water at the
redox boundary induce calcite precipitation through lowering the CO; partial pressure
in the contaminated groundwater. This process was also observed by PALMER ET AL.
(1992). In contrast to the extraction wells, the precipitation of calcite in the vicinity of
the infiltration wells are more pronounced.

Fe minerals

Reduced conditions dominate in the zone between infiltration well V2-10 and extraction
well B3-17. Sulfate concentrations in B3-17 are found to be higher than in the infiltration
wells. The extracted groundwater contains between 2.6 and 2.9 mmol/L SO4* (Figure
27). The results show that the reduced zone contains pyrite, which become oxidized and
dissolved under the influence of the more NOs rich water, providing additional
dissolved Fe?* in the groundwater (Figure 27) (APPELO & POSTMA, 2005). The comparison
of the simulated redox zonation with measured concentrations shows a reasonable
agreement.
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Figure 27. The groundwater hydrochemistry in V2-10 and B3-17. The depth distribution of Fe?*
and SO4% concentrations in the groundwater. The solid lines reflect model predictions
(measurements from ARCADIS (2016)).

Based on the calibrated model, tracer simulations are performed, which are used to
deliver evidence on mixing processes. The model simulations illustrate how the
infiltrated aerobic water penetrates the aquifer during infiltration phases, and thereby
displaces the reduced contaminated groundwater. Chemical differences between
ambient groundwater and injectant resulted from the applied water treatment.

The simulated tracer solutions consist of conservative/unreactive components. To
increase the understanding of the system and the movement of waters with different
redox states, several tracer simulations are carried out. The simulation results of tracer
infiltration are exemplary displayed for well V3-12 in Figure 28.
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Figure 28. Tracer simulation in the well V3-12. Concentration (C/C,) front of tracer representing
the extent of the infiltrated water (the wells in pink). Red line is mixing and redox boundary
(Figure 24).

The results showed that the infiltration water from V3-12 with high concentrations of
the electron acceptors is captured by well B3-17. The hydrogeochemical composition in
the vicinity of B3-17 is affected by lateral changes of the flow direction induced by the
groundwater extraction. Transport of the infiltrated solute varies over time and
depends mainly on extraction and infiltration rates. Figure 29 illustrates schematically
the hydrodynamic situation in the model.
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Figure 29. Main groundwater movements in the model. Position of the redox boundary and the
cross-section in Figure 30 and 31.

In the next part, the results in the vicinity of the extraction well are presented. Based on
the field data, two main extraction phases (2.0 m3/h and 4.0 m3/h) in well B3-17 are
simulated. This modelling step is performed to understand to what extent the transient
changes in extraction rates would induce the temporal changes of hydraulic conditions.
The results allow to gain insight into the significant effects of altering pumping rates on
hydrogeochemical processes in the vicinity of the extraction wells.

Low extraction rate (2.0 m3/h)

In the initial periods with the lower extraction rate (2.0 m3/h), increasing proportions of
even more reduced groundwater migrate towards the pumping well (Figure 30). The
reduction of extraction rates leads to more reduced conditions around the well.

78



4

4 GW flow direction

rel. concentration [%]
= - B | — — — ) Meter
0 20 40 60 80 100 0 25 5 10 20 30 40

Figure 30. Calculated distribution of pyrite precipitation (C/Co) in the vicinity of the pumping
wells (extraction rate in B3-17 = 2.0 m3/h). The location of the cross-section is depicted in Figure
29.

Intrusion of reduced groundwater from the contaminated site induces according to the
model the reduction of ferrihydrite. During the reductive dissolution of ferrihydrite, Fe?*
is released into the groundwater. At these locations the S* produced during SO
reduction precipitates with Fe?* as pyrite (Figure A-5).

High extraction rate (4.0 m3/h)

In the initial periods (2.0 m3/h), the pumping well extracted mainly reduced
groundwater. In the next phase with the high extraction rate (4.0 m3/h), the reduced
groundwater from the contaminated site is displaced with the oxygenated infiltration
water. Based on the results of the tracer test, the oxygenated groundwater comes from
infiltration well V3-9. By the penetration of O, and NOs’, pyrite turns out to be oxidized.
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Figure 31. Calculated distribution of pyrite precipitation (C/Co) in the vicinity of the pumping
wells (extraction rate in B3-17 = 4.0 m3/h). The location of the cross-section is in Figure 29.

Freshly dissolved Fe?* becomes oxidized and precipitated as Fe oxides in the expanding
oxidized zone of the aquifer. The reaction follows (APPELO & POSTMA, 2005):

FESZ + 3 NOS_ + 2 HZO => Fe(OH)3 + 15 N2 + 2 5042_ + H+ (5)

On the other hand, lowering the water table gives atmospheric O, access to pyrite and
thereby intensifies pyrite oxidation. The precipitation of Fe oxides occurs mainly around
the reduced part of the well screen, with the highest precipitation just below the redox
boundary (not shown).

The model simulation confirmed the expectation that the results are sensitive to the
extraction rates. Figure 31 and Figure 30 show the effect of the different extraction rates
on the distribution of pyrite precipitation. The cyclical variation of the extraction rates
in B3-17 leads to the enrichment of Fe minerals in the vicinity of the well. In the case of
the low extraction rates, reduced groundwater dominates in the vicinity of extraction
well B3-17 and induces the precipitation of pyrite. The increase of the extraction rates
in B3-17 leads to the dominance of oxic groundwater and the precipitation of Fe oxide.

3.4 DISCUSSION

The central question is why the relatively high As concentration (0.35 umol/L) occurs in
the extracted groundwater, while the groundwater samples in the whole study area
have As concentrations below detection level. All results are combined in an effort to
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develop an advanced concept explaining the distribution of As in the vicinity of the
pumping wells, which is transferable to other remediation sites and As-affected regions
in Asia. It is suggested that the observed mixing processes are the primary factor
controlling As enrichment.

Currently, many theories have been advanced to explain the patchy As distribution in
groundwater (NICKSON ET AL., 2000; APPELO ET AL., 2002; ANAWAR ET AL., 2003; NORRA ET AL,
2005; AMIRBAHMAN ET AL., 2006; HARVEY ET AL., 2006; BERG ET AL., 2007; MAI ET AL., 2014;
LAZAREVA ET AL., 2015). However, all these theories observed only hydrogeochemical
processes as key factors controlling As mobility. Besides the effects of
hydrogeochemical reactions, mixing also has an influence on the As mobility in
groundwater. It is complex to identify which physical or chemical processes take the
lead in controlling the distribution of As in groundwater. Geochemical changes
associated with the groundwater extraction and infiltration are observed and modelled
in the context of aquifer storage and recovery systems (PROMMER & STUYFZAND, 2005;
DESCOURVIERES ET AL., 2010; WALLIS ET AL., 2010; WALLIS ET AL., 2011) and aquifer thermal
energy storage systems (BONTE ET AL., 2013; BONTE ET AL., 2014; POSSEMIERS, 2014). These
studies showed that groundwater circulation induced by the systems impacted on
hydrogeochemical conditions in aquifers. However, they observed mixing processes
only in vertical and horizontal orientation. The assessment of mixing processes in lateral
orientation allows to identify and quantify hydrogeochemical processes more precisely.
In aquifers with redox zoning as in the observed case, these groundwater movements
can induce or intensify hydrogeochemical processes at the redox boundary.

The simulation results are in agreement with BONTE ET AL. (2014) that hydrogeochemical
reactions occur mainly at the boundaries of redox zones. At the study site, the redox
boundary is defined as the transition between 0,/NOs™ rich and Fe?* rich groundwater.
The extent to which extraction mixes different groundwater types depends on the
pumping rate, screen length and distribution of redox zones (POSSEMIERS, 2014). The
capture zones of extraction wells are often considered as a steady state feature.
However, in reality the location and coverage vary due to the transient nature of
groundwater extraction and infiltration. Therefore, the effect of alternating pumping
should be precisely considered and integrated into the models.

The mixing of reduced and oxygenated waters increases clogging risks due to the
potential precipitation of Fe oxides, Fe sulfides and calcite. Precipitation of these
minerals is the main cause for chemical clogging (HOUBEN & TRESKATIS, 2003; HOUBEN &
WEIHE, 2010). The model results show that not all of the freshly accumulated ferrihydrite
and pyrite became dissolved during mixing. This results in a growth of mineral mass and
sorption sites in the vicinity of the pumping wells over time. In this case, well age
appears to reflect the amount of the clogging material around pumping well and
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corresponding amount of sorbed As. This statement is checked at another study site
and described in chapter 4.

The growth of clogging material is an explanation for the As enrichment process in the
vicinity of the pumping well. The clogging material in the extraction well, which is
presented mainly through Fe minerals and calcite, shows relatively high As
concentration (9.6 ppm). The observed process is important for postulated statement
by HARVEY ET AL. (2006) that irrigation pumping wells may remove As from aquifers and
then apply to fields. In this case, time as a factor plays an import role in controlling As
concentrations in extracted groundwater. The well documented As mobilization
through the dissolution of minerals representing clogging material, mainly Fe minerals
and calcite (APPELO ET AL., 2002; WALLIS ET AL., 2011; LAZAREVA ET AL., 2015), delivers a
possible explanation for the high As concentrations in abstracted groundwater. The
release is caused by a combination of pyrite oxidation and reduction of Fe oxide.

The observed system in the vicinity of extraction wells is similar to plant roots, especially
rice roots. KRAMAR ET AL. (2017) and KIRK ET AL. (2015) showed in their studies that the
enrichment of clogging minerals, Fe minerals and calcite, occurs in root zones. The
diffusion of O, leads to precipitation of Fe oxides (KRAMAR ET AL.,2017). In the case of
calcite, the uptake of NO3™ by roots can cause calcite precipitation (KIRK ET AL., 2015).

It should be noted that minerals dissolution is not the only determining factor for high
As concentrations. Competitive sorption of HCO3 and PO43 onto the limited Fe oxide
surface can also contribute to the release of As (NICKSON ET AL., 1998; APPELO ET AL., 2002;
ZHENG ET AL., 2004; AZAM ET AL., 2008). At the study site, PO4> concentration are under
detection limit. Hence, competition processes between PO4* and As are excluded from
the conceptual model. The increased HCOs™ concentrations are usually associated with
reducing conditions (APPELO & POSTMA, 2005; HELD, 2007; MERKEL & PLANER-FRIEDRICH,
2008). Degradation of CH,0 results in increased HCO3™ concentration. The model results
show high HCO3™ concentrations synchronously with the arrival of reduced groundwater
from the contaminated site. Concentrations of dissolved HCOs™ reflect the sediment-
water interaction, especially calcite dissolution, as well as microbial degradation of
pollutants. The displacing effect of HCOs™ offers another explanation for high As
concentrations in the extracted water.

3.5 CONCLUSION

Reactive transport modelling is used to obtain insight into the As enrichment onto
clogging material. The developed numerical model based on the data collected at a
pump-and-treat plant gives insight into the processes induced by groundwater
extraction. The model explains high As concentrations in the well from which the water
is extracted from the aquifer, which is generally characterized by dissolved As
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concentrations under detection limit. While these conditions are comparable to
drinking water extraction sites in Asia or ATES systems, differences in redox and
hydrogeochemical conditions will determine the extent to which the model is
transferrable to other sites. The most significant differences are expected for sites with
low redox gradients, e.g., the aquifers with less nutrient and organic matter. In the case
of ATES systems, the effect of temperature should also be considered.

The hydrogeochemical data and model results show that groundwater circulation
induced by the pump-and-treat system have an important influence on groundwater
quality. Extraction by the pump-and-treat system changes the lateral distribution of
redox conditions. Mixing processes induce the precipitation of Fe minerals and calcite
in the vicinity of the pumping and infiltration wells. Alternating extractions lead to the
growth of clogging material over time, which is providing the sorption surface of As. This
causes the As enrichment in the vicinity of the extraction wells. The modeling results
show that the location of highest Fe minerals precipitation depends on the position of
the extraction wells in relation with the redox boundary. The competition processes for
sorption surface or the variation of hydrogeochemical conditions can cause temporal
mobilization of As from clogging material.

Evidently, the extent and impact of mixing are location-specific. The extent to which
mixing processes affect groundwater quality depends on the presence and type of
hydrochemical gradients, pumping rates, location of NAPL concerning extraction wells
and hydrogeological settings. The site-specific conditions can have an important impact
on the groundwater quality. Therefore, an adjustment of each monitoring campaign
taking into account the local conditions is indispensable. Furthermore, the groundwater
should be observed in each operation phase of wells.
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Chapter 4. Impacts of well operation on As
distribution in extracted groundwater due
to clogging material and temperature
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4.1 INTRODUCTION

Arsenic is a persistent contaminant in groundwater and drinking water in the Bengal
Delta Plain (BDP) (India) (BISwAS ET AL., 2014). Currently, the reductive dissolution of Fe
oxide is the most widely accepted mechanism of As release in groundwater of the
Bengal Basin (MCARTHUR ET AL., 2001; HARVEY ET AL., 2002; BERG ET AL., 2008; FAROOQ ET AL.,
2011; FAROOQETAL., 2012; NEIDHARDT ET AL., 2012).

The results of chapter 2 and 3 show that the induced groundwater circulation by
extraction activities impacts on chemical groundwater quality are leading to the As
enrichment onto the clogging material in the vicinity of the pumping wells.

Based on a literature review and the results in chapter 2 and 3, three different factors
affect the distribution of As in groundwater: (1) clogging material in extraction wells acts
as enrichment surface for As, (2) temperature influences the velocities of reactions
responsible for As mobilization in aquifers, such as those in South-East Asia, (3) the
operation time of wells can give an information regarding the clogging material amount
in the vicinity of wells.

Several studies (SUK & LEE, 1999; MCGUIRE ET AL., 2005; LEDESMA-RUIZ ET AL., 2015;
ARMANUOS ET AL., 2016) used factor analysis to interpret groundwater chemical data. Liu
ET AL. (2003) and HOSSAIN ET AL. (2013) adopted factor analysis to identify the processes
governing the fate of As in groundwater.

To analyse the magnitude of previously described three processes on As dynamics in
detail, a statistical analysis is set up on the basis of data produced by NEIDHARDT (2012).
Multivariate analyses that considering a large set of physical (depth of wells and age of
wells) and chemical parameters (including major cations and anions, DOC and pH)
provide a better understanding of associations among biogeochemical and physical
parameters. This chapter reveals the relations between well age, temperature and As
concentration in extracted groundwater, and discusses how these chemical, physical
parameters are related to the enrichment and mobilization of As in the vicinity of
pumping wells.

4.2 MATERIALAND METHODS

4.2.1 STUDY SITE

The study area is located in the Indian part of the Bengal Basin and is situated in the
Himalayan foreland at the junction of the Indian, Eurasian and Burmese Plates. The
region received mainly large volumes of sediments in two periods: between Oligocene
and Late Pleistocene, and during the late Pleistocene-Holocene. The sediments were
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brought by the Ganga and Brahmaputra from the Himalayas (ALAM ET AL., 2003; RoY &
CHATTERJEE, 2015).

The BDP covers an area of about 10° km? (MUKHERJEE ET AL., 2009). The BDP is known as
one of the worst affected areas worldwide by high As concentrations in groundwater
(BUSCHMANN & BERG, 2009; NEIDHARDT, 2012).

In the Bengal Basin, groundwater is mainly of the Ca-HCOs type. Reducing conditions are
dominant in the region, as demonstrated by high Fe?* and CH4 concentrations (HARVEY
ET AL., 2005). In the BDP, As is found to be mainly associated with Fe oxides and Fe
sulfides (VAN GEEN ET AL., 2003; AKAI ET AL., 2004).

4.2.2 SAMPLING, DATASET

In the time period between September and November 2007, private and governmental
wells were sampled in an area of approximately 20 km? within a DFG project by
MAJUMBER ET AL. (2015) (Table A-6). In Table A-6, all digits are listed in the measured
concentrations for statistical purposes. During the sampling campaign, field parameters
(electrical conductivity, pH, water temperature) were measured on-site with a
multimeter (MultiLine F/SET-3, WTW). Only the existing wells with complete
information (depth, well age, trace elements and major ion concentrations) were
selected in this study as measuring points, which made up a total number of 174 wells.
Fe?* and total Fe concentrations were determined spectrophotometrically in the field
(Lambda 20 UV-Vis Spectrophotometer, Perkin Elmer). ICP-MS was used to determine
major and trace elements in the water samples. Detailed information regarding the
sampling and analysis is given by NEIDHARDT (2012) and MAJUMBER ET AL. (2015).

In the current study for the description and interpretation of hydrochemical data, two
methods are used: conventional techniques (interpretation of maps, plots and
diagrams) and multivariate statistics.

Factor analysis is applied to a dataset that consists of 14 chemical (pH, HCO3, Astot, Piot,
Fe?*, DOC, Na*, Mg?*, K*, Ca?*, Mn?*, CI, NO3, SO4%) and 2 physical (depth of wells and
age of wells) parameters. Statistical methods are used to extract groups of correlated
elements and support the interpretation of governing processes in the study aquifer.
This association is identified by evaluating the variance within the whole bundle of the
variables.

4.3 RESULTS

Generally, this groundwater belongs to the Ca-(Mg)-HCOs type. The measured
temperatures range between 26.0 °C and 26.9 °C. The average groundwater
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temperature is 26.4 °C. Table 10 shows the mean, minimum, maximum values, and
standard deviation of the chemical and physical parameters.
Table 10. Summary of the field survey results (number of samples = 174) comprising respective

mean, minimum, maximum, and standard deviation (based on measured data from Neidhardt
(2012)).

Depth [m] 174 39.5 6.7 271.0 42.6
Age of well [year] 174 6.4 0.2 24 5.1
pH -] 174 7.1 6.0 8.0 0.4
Eh [(mV] 174 278 161 459 64
Temperature [°C] 174 26.4 26.0 26.9 0.3
El. conductivity [uS/cm] 174 707 200 1514 186
AStot [umol/L] 174 0.69 0.01 4.44 0.82
Ptot [umol/L] 174 6.61 0.02 33.6 6.84
Fe?* [umol/L] 174 67.3 0.2 834 98.2
Mn?2* [umol/L] 174 5.8 0.1 46.0 51
DOC [mmol/L] 174 0.2 0.1 1.7 0.2
Na* [mmol/L] 174 1.0 0.2 4.9 0.6
Mg?* [mmol/L] 174 1.0 0.2 1.8 0.3
Ca?* [mmol/L] 174 2.5 0.5 4.4 0.6
HCOs [mmol/L] 174 3.6 1.3 6.4 0.8
Cl [mmol/L] 174 0.6 <0.1 4.2 0.7
NOs [mmol/L] 104 0.2 <0.1 9.5 0.9
SO4* [mmol/L] 82 0.12 <0.01 0.52 0.11

The main part of the groundwater samples show concentrations of NO3™ and SO4*
below the detection limit (0.1 mmol/L and 0.01 mmol/L, respectively). These values
influence the results of statistical analyses. To obtain a large set of complete
groundwater analyses, NOs™ and SO4% are excluded from further consideration as
variables. The remaining dataset of 174 analyses with 14 parameters is assessed using
multivariate statistical analysis.

The major cations in the sampled groundwater are Ca%* and Na*. Bicarbonate is the
major anion in the study area, whereas Cl" is the second dominant anion. Groundwater
SO4?* concentrations range between 0.01 and 0.52 mmol/L.

Arsenic concentrations in 73 % of the groundwater samples are above the World Health
Organisation standard for drinking water quality of 0.013 pmol/L As. The mean of As
concentrations is 0.69 umol/L, while concentrations reach up to of 4.44 pmol/L. The
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proportion of wells that exceed 0.013 umol/L As increases with depth from 14 %
between 7 and 20 m up to 64 % between 20 and 30 m, then declines to less than 22 %
between 30 and 270 m (Table 11).

Table 11. The depth distribution of the wells exceeding 0.13 umol/L (based on measured data
from Neidhardt (2012)).

7-20 14
20-30 64
30-270 22

The overall depth distribution of As is also remarkably similar to that reported by VAN
GEEN ET AL. (2003) AND BY HARVEY ET AL. (2006). Although there is a considerable scatter in
As over the entire depth range of the wells, concentrations greater than 1.3 umol/L are
largely restricted to the 20-30 m depth range. This pattern is also evident at a variety of
specific study sites (VAN GEEN ET AL., 2003; EICHE ET AL., 2008).

Hydrochemical properties in groundwater samples vary spatially in a wide range,
especially in respect to As and Fe?* concentrations. The distribution of As concentrations
is characterized by extremely horizontal as well as vertical heterogeneity. Arsenic
concentrations vary within a couple of metres up to three orders of magnitude. The
location of sampling points are shown in Figure 32.
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Figure 32. Locations and As concentrations of sampling points (n: 174) within the investigation
area. Samples are grouped into four classes according to the As concentrations (background
image from: bing.com) (based on measured data from Neidhardt (2012)).

Correlation matrix

The starting point of factor analysis is a correlation matrix. It is used to account for the
degree of mutually shared variability between individual pairs of variables. Fourteen
variables (depth of wells and age of wells, pH, HCO3’, Astot, Ptot, Fe?*, DOC, Na*, Mg?*, K*,
Ca®*, Mn?*, CI') in groundwater from 174 wells are analysed using a correlation matrix.

To reject the null hypothesis, the significance level of 5 % is checked. In all cases, it is
smaller than 5 %. The results show that specific electrical conductance strongly
correlates with many other variables. Therefore, to avoid the impact of this variable on
associations among other components, specific electrical conductance is eliminated
from the datasets. Table 12 shows the correlation matrix of the variables after
elimination of specific conductance.
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Table 12. Correlation matrix of the 14 physicochemical variables (in red — strong correlation
(r>%0.75), and in blue — significant correlation (r > £ 0.50)).

Age

pH

HCOs

Asiot
FeZ+
DOC
Na*
M gZ+
K-l-
Ca2+
Prot
M n2+

Cl

-0.25

0.04

0.19

0.03

-0.22

-0.03

-0.08

-0.01

-0.10

-0.10

-0.31

-0.22

-0.28

1.00

-0.01

0.01

0.10

0.14

0.04

0.01

0.08

-0.04

0.08

0.12

0.06

-0.01

1.00

-0.20

-0.05

-0.11

-0.17

-0.02

-0.14

-0.01

-0.16

-0.06

-0.13

-0.16

1.00

0.09

0.08

0.05

0.36

0.60

0.11

0.40

-0.03

0.03

0.11

1.00

0.48

0.05

0.04

0.05

-0.12

-0.02

0.51

0.04

-0.13

1.00

0.14

0.09

0.13

-0.06

0.16

0.77

0.06

0.07

1.00

0.07

0.08

0.01

0.14

0.10

0.00

0.22

1.00

0.58

0.25

0.47

0.04

-0.06

0.58

1.00

0.30

0.65

0.01

-0.03

0.52

1.00

0.19

-0.08

-0.01

0.27

1.00

0.06

0.11

0.54

1.00

0.00 1.00

0.09 0.04

Strong correlations between variables are not observed, except a correlation between

Fe2+ and Ptot-

In the next step, relations between pairs of variables are analysed iteratively using a

scatter plot. Despite the absence of any correlation between As and the age of wells in

the correlation matrix, detailed analyses of the scatter plots revealed a positive

correlation between the variables (Figure 33).
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Figure 33. Relationship between As and well age (based on data from Neidhardt (2012)).

The samples with As concentration below 1.3 pmol/L are randomly distributed with

respect to the age of wells. However, the samples above 1.3 pumol/L show a positive

correlation. In Figure 34 this part of the scatter plot is cut out.

45 - o
4 -
© )
35 4
E 3 y=9.13x + 113.48
o 2 _
£ R?=0.58
=
w 2.5
<
®
2 .
1.5 -
© (0}
1 T T T T
0 5 10 15 20
Age of well [years]

25

Figure 34. Relationship between As and well age. Arsenic concentration > 1.3 pumol/L (based on

data from Neidhardt (2012)).
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To analyse the hydrochemical evolution of groundwater, a stability diagram is used. The
results show that 55 % of these samples are saturated or oversaturated with respect to
calcite (Figure 35).
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Figure 35. Calcite stability diagram at 25 °C for the samples with arsenic concentration over 1.3
umol/L (based on data from Neidhardt (2012)).

The samples oversaturated with respect to calcite show potential for calcite
precipitation and formation of the clogging material in the vicinity of wells.

The observed effect is pronounced and is easier distinguishable from other processes
at high As concentrations. This fact confirms once again that the As distribution in
groundwater is controlled by a group of processes.

In the next step, the reduced dataset consisting of 27 samples with As concentrations
above 1.3 umol/L is investigated using a factor analysis. Table 13 shows the correlation
matrix of the reduced dataset.
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Table 13. Correlation matrix of the 14 physicochemical variables (in red — strong correlation (r>
£ 0.75), and in blue — significant correlation (r> £ 0.50)).

Age 023 1.00

pH 016 019  1.00

HCOy  -002 041 -026 1.00

AStot 038 070 -001 009  1.00

Fe2+ 033 006 -007 014 018  1.00

DOC 001 006 -041 046 -021 -009  1.00

Na* 031 031 035 065 027 036 -006 1.00

Mg?* 021 041 -032 074 017 034 035 049  1.00

K* 008 001 023 -017 025 -013 -025 003 -020 1.00

Ca2* 003 036 -015 080 002 027 050 058 081 -0.16  1.00

Prot 056 012 000 013 030 077 -016 036 028 000 008 1.00
Mn2* 033 033 -026 -010 055 038 -012 009 013 -008 005 024 1.00
cr 030 031 001 021 020 030 -006 028 058 -020 047 032 045

The examination of the correlation matrix shows the existence of a significant
correlation between As concentration and age of wells. Dissolved Ca?* has a strong
positive correlation with Mg?* and HCOs™. Phosphorus is positively correlated with Fe?*,
and shows a negative correlation with the depth of well. In the next step, the
dimensionality of this matrix is reduced by gathering the variables with high
intercorrelations into groups.

Factor analysis

Based on the eigenvalues > 1 criterion, four factors explain the variability of the variables
at the study site (Figure 36).
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Figure 36. Scree plot. Identification number of factors.

Factor analysis is used to define hydrogeochemical processes in the groundwater. Table
14 shows the factor pattern of four factors. The table incorporates both, positive and

negative loadings.

Table 14. Loading for varimax rotated factor matrix. Factor loadings and percentage of variance
explained by the four factors (in red — high factor loading (r > £ 0.75), and in blue — significant

factor loading (r > £ 0.50)).

VERELIE Factor 1 Factor 2 Factor 3 Factor 4
mineralization fertilizer organic As enrichment
Depth -0.01 -0.65 0.12 -0.24
Age 0.39 0.02 0.02 0.80
pH -0.10 0.09 -0.82 -0.19
HCOs" 0.93 0.00 0.08 0.07
Astot 0.02 0.22 -0.19 0.89
Fe?* 0.13 0.85 0.07 -0.03
DOC 0.49 -0.23 0.54 -0.15
Na* 0.70 0.34 -0.53 0.06
Mg?* 0.81 0.29 0.24 0.17
K* -0.15 -0.23 -0.56 0.28
Ca** 0.92 0.10 0.15 0.04
Prot 0.07 0.86 -0.11 0.06
Mn?* -0.19 0.45 0.37 0.63
cr 0.33 0.52 0.14 0.25
Prp.Totl 25 20 13 15
[%]
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The dataset is reduced to four factors, which explain 73 % of total variance in the
analysed dataset. Factor 1 explains the highest percentage of variability within the
dataset (25 %), factor 2 a lesser percentage (20 %), the third factor 13 %, and the last
factor 15 %.

Each factoris considered as a process controlling chemical composition of groundwater.
Factor 1 is characterized by high positive loadings of HCO3', Na*, Mg?*, and Ca?*; weaker
positive loadings of the well age. A strong correlation between Ca?* and Mg?* can
originate from carbonate or silicates weathering processes. These associations can be
explained by water mineralization. Factor 2 has high positive loadings of Fe?* and Piot,
and negative of well depth. The process describes PO4* release through organic matter
degradation and accompanying the reductive dissolution of Fe oxides (NEIDHARDT ET AL.,
2018). Thus, Factor 2 is called the fertilizer factor. The relations between pH and DOC
in Factor 3 can be described with CO; production coupled to the microbial degradation
of organic matter. Factor 4 has high positive loadings of the age of well and As. This
factor can be associated with the accumulation of As onto clogging material and can be
referred to as the As enrichment factor. The results indicate the absence of a correlation
between As and Fe?*.

Cluster analysis

In the next step, a hierarchical cluster analysis is performed on the reduced dataset (27
samples). The cluster analysis classified the groundwater samples into four general
classes, namely, Ci, C2, C3 and Ca. The result of the cluster analysis is shown in
dendrogram (Figure 37).

2]

| Class 1 Class 2 Class 4

Linkage Distance

C 27 C24 c25 Cc21 Cc 18 |C16 CT7 C6 Q17 C9 C11 C.4
C2 |d23  c22c19 cfi - c13 c12 - c3ci15  c8 - c 10 C_1

Figure 37. Dendrogram of the cluster analysis.
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The piper diagrams in Figure 38 shows distinguishable hydrochemical features between
these classes. The groundwater hydrochemical type is Ca-Mg-HCOs. The samples are
characterised by relatively low ClI" and SOs?concentrations and the predominance of
Ca?* and Mg?*. Compared to other classes, Class 4 shows a higher ratio of Na®.
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Figure 38. Piper diagram showing the main hydrochemical composition of the four classes.

Itis difficult to visually distinguish between the hydrochemical distribution of the classes
on a traditional piper diagram. The classes are also not related spatially to each other
(Figure A-6). Therefore, relations between classes are analyzed in detail using scatter
plots in Figure 39, Figure 40 and Figure 41. The graphs show differences among the
classes according to relations between physical and hydrochemical parameters.

Figure 39 shows the relations between Ca?* and As concentrations. The samples in Cs
and Cs have mainly a higher As concentrations (> 2 umol/L). In contrast to Cz and Cs4, C1
and C; show relatively low As concentrations.

Class 2 and Class 3 have similar linkage distance, and therefore, have higher
hydrochemical similarity. The classes differ slightly in Ca?* concentrations (Figure 39).
Similarity between Ci and C; samples are also strong. Class 4 is distinct from other
classes.
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Figure 39. Cluster analysis. Relations between As and Ca?* (based on data from Neidhardt
(2012)).

Calcium concentrations in C; are below 2.15 mmol/L, and in Cs are above. Low Ca®* and
Na*® concentrations coincide with C, and high concentrations with Cs. The relations
between Na* and As concentrations are presented in Figure 40.
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Figure 40. Cluster analysis. Relations between As and Na* (based on data from Neidhardt
(2012)).
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In C4 As concentrations range between 1.7 and 4.3 umol/L. Class 1 shows relatively low
As concentrations among the classes. Depth of the wells delivers a possible explanation
(Figure 41).
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Figure 41. Relations between As and Depth of the well (based on data from Neidhardt (2012)).

The wells in C; are filtered between 120 m and 166 m. Other three classes extract
groundwater below 60 m.

4.4 DISCUSSION

The results in chapter 2 and 3 show that clogging material, especially Fe minerals and
calcite, controls the As enrichment in the vicinity of wells. Besides local
hydrogeochemical conditions, the operation time of extraction wells also plays an
important role. The aim of this chapter is to investigate the postulated thesis and
modelling results of these two studies using multivariate statistical analyses on the data
collected in the western part of the BDP.

The results provide that As concentrations correlate with the age of wells. This
corresponds to an increase in As concentrations over time. Several studies
(MCARTHUR ET AL., 2001; BURGESS ET AL. 2002; KINNIBURGH ET AL., 2003; VAN GEEN ET AL., 2003)
also provide significant statistical evidence that As concentrations in extraction wells
positively correlate with the age of wells. However, suggestions concerning the
processes explaining the correlation were not formulated. The results in chapter 3 gives
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an explanation how alternating extraction activities intensify the growth of clogging
material in the vicinity of wells.

ISLAM ET AL. (2004) demonstrated that As is mainly mobilized in West Bengal from Fe
oxides. A lack of correlation of between Fe?* and As concentrations in groundwater can
be explained by the relatively high concentrations of phosphate, which competes with
As for sorption sites (APPELO ET AL., 2002; SWARTZ ET AL., 2004). However, the absence of
a correlation between P« and As indicates that the ion competition process cannot fully
explain the heterogeneous distribution of As. Therefore, it can be seen as only one of
the processes describing As mobilization.

Factor 2 represents contamination of shallow aquifer with phosphorus fertilizers. The
factor can explain movement of water from rice fields into subsurface. During recharge
periods on rice fields, redox conditions become reduced. Therefore, Fe oxides dissolve
and phosphorus is released and transported into groundwater. This process was
discussed by HARVEY ET AL. (2006), KRAMAR ET AL. (2017) and NEIDHARDT ET AL. (2018). In
general, the low concentrations of SO4?" indicate that Fe?* has not been mobilized into
groundwater from Fe sulfides (APPELO & POSTMA, 2005).

The important finding is that the correlation between the As concentrations and the age
of wells is found in the wells with high As levels (> 1.3 umol/L). The absence of a
correlation between the samples with low As concentration shows that in these samples
the distribution of As is controlled by a group of processes (i.e. Fe oxide reduction, Fe
sulfide oxidation and competition processes for surface adsorption places). In the case
of As concentrations below 1.3 umol/L, the As enrichment process onto clogging
material as factor describes relative small part of mobilized As in groundwater.

The results of cluster analysis show a correlation between the mineralization of
groundwater and As concentration in the shallow aquifer. This effect is more
pronounced for C; Cs and Cs as for Ci. In comparison to Ci, Ca represents highly
mineralized groundwater with high concentrations of Ca?* and Na*. Class 1 shows that
the deeper aquifer appears to have lower As concentrations (Figure 41). This result is in
agreement with the depth profiles of As presented by KINNIBURGH ET AL. (2003) and
MCARTHUR ET AL. (2004).

Nevertheless, the well age alone is not a reliable indicator for the As enrichment process
in the vicinity of the extraction wells. The well age corresponds to the possible amount
of clogging material. Clogging material provides an increasing number of the sorption
sites for As over time. The results of chapter 2 and 3 indicate that the enrichment
process of As on clogging material is able to influence the observed heterogeneous As
distribution in groundwater. However, both, hydrogeochemical settings and amount of
clogging material are important prerequisites for As accumulation.
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The second important finding is that, in contrast to aquifers in Europe, relatively high
temperatures are found in the study area (Table 10). To explain the significantly
different As levels in Europe and Asia, the various physical conditions of these regions
must be considered. The average groundwater temperature in the study area is
determined by 26.4 °C. In comparison to Asia, groundwater temperature in Europe
ranges between 10 °C and 15 °C (BRIELMANN ET AL., 2009; BONTE ET AL., 2013A; BONTE,
2015). The differences in average aquifer temperature in Asia and Europe can explain
discrepancies in As mobility in these regions. However, energy storage techniques are
receiving a growing interest in Europe. The increasing number of such systems leads to
local warming of groundwater up to 25 °C (BRIELMANN ET AL., 2011; BONTE, 2013). Besides
energy storage systems, the temperature effects of climate change and urbanization on
the aquifer system makes this parameter more pronounced for the distribution of As in
Europe.

A number of studies looked in an integrated way at the temperature impacts on
hydrogeochemical changes (HENNING & LIMBERG, 1995; BRIELMANN ET AL., 2009; BRIELMANN
ET AL., 2011; ZUURBIER ET AL., 2013; HARTOG, 2011). Temperature was not intensively
investigated as a factor controlling the behaviour of As in an aquifer. Temperature plays
an important role in the solubility of minerals, reaction kinetics, oxidation of organic
matter, redox processes and sorption-desorption (BRONSETAL., 1991; GRIFFIOEN & APPELO,
1993; PROMMER & STUYFZAND, 2005; SOWERS ET AL., 2006; BRIELMANN ET AL., 2009). BONTE ET
AL. (2013B) studied in laboratory experiments the temperature-driven changes in the
behaviour of trace elements and heavy metals. The authors showed significant As
mobilization at 25 °C from sediment cores in comparison to 5 °C and 11 °C. PROMMER &
STUYFZAND (2005) illustrated that redox reactions in groundwater can be affected by
temperature changes (2 — 23 °C). JESUREK ET AL. (2012) reported the mobilization of
organic carbon and an increase in microbial activity above 25 °C. The authors
demonstrated also that temperature increase can stimulate the microbial reductive
dissolution of Fe oxides.

The results of sequential extraction by NEIDHARDT (2012) showed that As is mainly
adsorbed onto Fe oxides at the study site. Microbially mediated redox reactions,
especially the reductive dissolution of Fe oxides, can be stimulated by a temperature
increase (JESUREK ET AL., 2013; POSSEMIERS, 2014). In the current results, however, there is
relatively weak correlation between As and Fe?*, suggesting that reductive dissolution
is not solely process controlling As mobilization. Another explanation is the
reprecipitation of dissolved Fe?* in form of siderite and goethite (ZACHARA ET AL., 2002).
The weak correlation between As and Fe?* can be explained through the As readsorption
process onto calcite and Fe minerals or removal of Fe?* though the precipitation of Fe
minerals. The reduction of ferrihydrite induces a formation of more stable minerals such
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as goethite without the release of Fe?* into groundwater (ZACHARA ET AL., 2002;
HORNEMAN ETAL., 2004; BOSTICKETAL., 2004). Released As could co-precipitate with freshly
crystalized Fe minerals. Therefore, the release of As is delayed relative to dissolved Fe?*.

4.5 CONCLUSION

The primary focus of this research is to investigate the postulated thesis and modelling
results in chapter 2 and 3 on the data from the western part of the BDP. The
investigation approach includes statistical analyses that provide insight into the As
enrichment behaviour as a function of time and temperature.

Arsenic concentrations in the study area vary greatly over short distances. Some of this
variation is caused by the As enrichment on the clogging material in the vicinity of
extraction wells. The As enrichment on the clogging material can give an interpretation
of the observed correlation between the age of wells and dissolved As concentration.
The highest As concentrations occur in oldest and clogged wells. Therefore, well age
plays an important role in determining the concentrations of soluble As.

Relatively weak correlation between As and Fe?* corresponds to the readsorption of As
on the clogging material or recrystallisation of ferrihydrite. Arsenic released from Fe
oxides can be likely resorbed on Fe sulfides and calcite.

The study represents temperature as factor regionalising As contamination. The
groundwater temperature around 25 °C is typical for Asia. In Europe the temperature
of groundwater lies between 10 and 15 °C, where the effect of temperature on mineral
equilibria and kinetics is smaller. However, the installation of aquifer thermal energy
storage systems leads to local temperature increase up to 25 °C making temperature
factor more pronounced for the distribution of As in Europe.

In summary, two factors can control As mobility in an aquifer: temperature and amount
and chemical/mineralogical composition of the clogging material that can correlate with
age in the extraction wells. Consequently, these factors should be considered for
groundwater quality monitoring programs. The developed conceptual models should
serve as hypotheses to be further tested and amended by future detailed field and
laboratory investigations.
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5.1 INTRODUCTION

In this chapter, the outcomes of this PhD thesis are summarized and discussed on the
basis of the research questions postulated in chapter 1. Following this, the observed
processes controlling the spatial As distribution are gathered into a conceptual model.
Last, the perspectives for future research based on the results of this thesis are given.

5.2 SUMMARY

- What is the impact of calcite in contrast to Fe minerals on the As distribution in
groundwater?

The results of the reactive transport model describing hydrogeochemical conditions in
the Van Phuc aquifer in chapter 2 provide a potential explanation for the heterogeneous
distribution of As in groundwater and considerable degree of decoupling between As
and Fe observed in previous studies. A literature survey on the As adsorption and
retention showed that most published research focused on Fe oxide, whereas the
impacts of calcite on As distribution has been addressed to a limited extend. At the
beginning of the simulation period, calcite has only a negligible influence on the
retention of As due to low calcite content. The model shows the growth of calcite at the
redox boundary over time. Therefore, its overall contribution has continuously
increased over time up to 20%. In contrast to Fe minerals, calcite is stable under the
fluctuation of redox conditions. That makes calcite a more persistent mineral trap for
As. Calcite plays an important role in the retention of As in groundwater. The
overlooking calcite role as sorption sites can result in an overestimation of other factors.

- What are the driving physical and hydrogeochemical processes determining the
enrichment of As process in the vicinity of pumping and infiltration wells?

The simulation results in chapter 3 illustrate that both, physical (groundwater flow and
mixing processes) and hydrogeochemical processes (redox and mineral
dissolution/precipitation processes) are essential to improve the conceptual
understanding of the As distribution in groundwater. The mixing processes induced by
pumping and infiltration activities cause the hydrogeochemical changes on the
boundary between reduced and oxidized conditions. Mixing of waters with contrasting
redox conditions result in the precipitation of Fe minerals and calcite. Varying extraction
rates result in a growth in the content of minerals and corresponding sorption sites in
the vicinity of pumping wells. The sorption of As onto precipitated mineral phases leads
to As enrichment over time.

Previous studies mainly concentrated on local hydrogeochemical conditions. The main
contribution of the present study is a demonstration that the high concentrations of As
in extracted groundwater partially is the result of As enrichment processes onto
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clogging material. The study also describes the impact of extraction and infiltration
activities inducing the mixing of waters with different hydrochemical compositions on
the distribution of As in groundwater.

- What is the impact of extracting activities in the long term on chemical
composition and As enrichment?

The results in chapter 4 provide significant statistical evidence that the As
concentrations in extraction wells positively correlate with the age of wells. The
operation time of wells corresponds to the amount of clogging material, which is
increasing over time due to varying extraction rates. The age of wells gives indirect
information about the risks of As contamination in each well. The correlation improves
the simulation results obtained in chapter 2 and chapter 3.

The competition processes for sorption sites on mineral surfaces or the variation of
hydrogeochemical conditions can lead to the short-term mobilization of significant As
amount from clogging material and increase in dissolved As.

- What is the impact of temperature on As mobility?

The analysis of the data from different regions (Europe and Asia) combined with data
from literature provides insight into the temperature dependence of the spatial As
distribution. Temperature plays an important role in minerals solubility, redox and
sorption-desorption processes. A higher temperature enhances microbial activity and
increase the mineralization of organic matter. The distribution of As in an aquifer is
strongly controlled by redox state. Redox reactions are sensitive to small temperature
variations. Therefore, the mobility of As is significantly enhanced with a temperature
increase. Considerable differences in groundwater temperature contribute to explain
higher As mobility in the Asia region compered to Europe. In Europe, urbanization and
thermal usage of aquifers can locally raise the issue of groundwater quality.

5.3 CONCEPTUAL MODEL

After having summarizing and discussing the observed principal effects and processes
in chapter 2, 3 and 4, the next step is to create a synoptic conceptual model. High As
concentration in extracted groundwater is the result of complex interaction between
physical and hydrogeochemical processes in the vicinity of groundwater extraction
wells. In the thesis three categories of effects are distinguished: (1) hydrogeological, (2)
hydrogeochemical and (3) thermal. The conceptual model incorporates all of them. The
conceptual model is presented graphically in Figure 42.
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Figure 42. Conceptual model. Processes controlling the enrichment of As in the vicinity of the
extraction well. Processes: (1a) mixing processes; (1b) alternating groundwater extraction; (2)
precipitation of Fe oxide, Fe sulfide and calcite, and growth of clogging material; (3) arsenic
adsorption; (4) competitive adsorption of HCO3™ and PO43; (5) temperature effect.

The distribution of As in the vicinity of extraction wells is a function of five key processes.
The first process (process 1a) is the physical mixing of water with different chemical
compositions by extraction wells impacting on local redox conditions in an aquifer. The
effect of this process on extracted water depends on mineralogical composition,
pumping rates, the duration of each pumping activity, and the lateral and vertical
distribution of hydrochemical zones. The mixing of groundwaters with different redox
conditions and CO; partial pressure can lead to the precipitation of Fe oxide (HOUBEN,
2003; HOUBEN & TRESKATIS, 2003; STUYFZAND 2007; MEDINA ET AL., 2013; POSSEMIERS, 2014)
and calcite (PALMERET AL., 1992), respectively. The mixing of different groundwater types
has already been described as the dominating process controlling hydrogeochemical
changes in ATES (DE ZWART, 2007; BONTE, 2013), pump-and-treat (SHTIRKIN, 2013), ASR
systems (PROMMER & STUYFZAND, 2005; DESCOURVIERES ET AL., 2010) and drinking water
wells (POSSEMIERS, 2014).
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It is further shown that pronounced temporal changes in As concentrations can occur,
which are directly linked to fluctuation of the infiltration and extraction rates. The
hydrochemical compositions of the groundwater depth profiles in the vicinity of
extraction wells are a transient feature (BONTE, 2013). This factor complicates the impact
assessment of extraction activities on the groundwater quality. The simulation results
at the study site 2 illustrate that both, physical (groundwater flow and mixing processes)
and hydrogeochemical processes (redox and mineral dissolution/precipitation
processes) are essential for the understanding of As distribution and temporal and
spatial variation of the redox zonation. Alternating extraction (process 1b) can lead to
the precipitation and growth of clogging minerals (process 2), especially Fe minerals and
calcite over time, as well as to physical well clogging (DE ZWART, 2007; HOUBEN & WEIHE,
2010; VAN BEEK, 2011; MEDINAETAL., 2013).

The operation time of wells can give an information regarding the amount of clogging
material in the vicinity of wells. This enables subsequent accumulation of dissolved As.
The enrichment of As onto clogging material (process 3) becomes more pronounced
and quantitatively remarkable over time. Several study cases (MCARTHUR ET AL., 2001;
BURGESS ET AL. 2002; KINNIBURGH ET AL., 2003; VAN GEEN ET AL., 2003) observed a positive
correlation between the age of wells and As concentrations. However, suggestions
concerning the processes explaining the correlation were not formulated. The results at
the study site 3 gives an explanation how the age of wells corresponds to the amount
of clogging material. The mixing processes in the vicinity of extraction wells induce the
precipitation of clogging minerals, especially Fe oxide and calcite. Alternating
extractions lead to the growth of clogging material amount over time. The results
provide significant statistical evidence that As concentrations in extraction wells
positively correlate with the age of wells. The age of wells gives indirect information
about the risks of As contamination in each well.

In pump-and-treat and aquifer thermal energy storage systems, the enrichment of As in
groundwater occurs in the vicinity of extraction wells as well as infiltration wells
(GRIFFIOEN & APPELO, 1993; SHTIRKIN, 2013). In contrast to Fe minerals, calcite precipitation
is more pronounced around infiltration wells.

Arsenic migration can be strongly affected by sorption onto calcite, especially, where Fe
and Mn oxides have low content or lost their adsorbing effectiveness. The results at the
study site 1 show that in comparison to ferrihydrite overall contribution of calcite to the
As retardation increased over time up to 20 %. Calcite is the more stable mineral under
changing redox conditions (YOKOYAMA ET AL., 2012) and, therefore, presents an
appropriate mineral trap for As. While the reductive dissolution of Fe oxides is
responsible for the remobilization of As in groundwater.
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The accumulation of As in the vicinity of wells is followed by mobilization processes. An
important prerequisite of the mobilization of As is a competition process for sorption
surfaces (process 4). PO,*, OH and HCOs show strong affinity for the potential
competition with As (APPELO ET AL., 2002; NEIDHARDT, 2012; JESSEN ET AL., 2012; MAI ET AL.,
2014; RATHIETAL., 2017; WANG ET AL., 2019). A competitive effect of PO4>, OH and HCO3’
decreases the adsorption of As onto Fe minerals.

Temperature is another important aspect regionalising As contamination (process 5). In
the current study, the data from Asia and Europe are presented. This allows to reveal
the importance of temperature for the As distribution in an aquifer. Redox reactions are
sensitive to small temperature changes (PROMMER & STUYFZAND, 2005). The increased
availability of organic carbon combined with a higher microbial activity under increased
temperature shifts groundwater towards more reducing conditions (JESUREK ET AL.,
2013). Furthermore, sorption of As complexes is consistently exothermic and decreases
with increasing temperature (BONTE, 2013). In Europe, this parameter should be
accounted in aquifers with thermal energy storage systems, which increase locally
temperature up to 25 °C. The combination of the thermal energy storage systems
induced temperature increase with mixing processes can result in a shift of As from the
sorbed to aqueous phase.

To elucidate As mobility at each study site, a group of processes should be considered.
Overlooking the role of these processes can lead to an overestimation of other factors.
For this reason, an integrated design of the extraction wells taking into account local
hydraulic, physical and hydrogeochemical conditions is indispensable.

This study has clearly shown that it is not only important to identify hydrogeochemical
factors but also physical in order to delineate the heterogeneous distribution of
dissolved As concentrations in groundwater. The following local conditions can induce
and intensify the enrichment of As in the vicinity of extraction wells and cause As release
into groundwater:

e Heterogeneous distribution of redox conditions in the vicinity of extraction wells;

e Alternating groundwater extraction rates;

e High concentration of HCOs and PO4* to inhibit or slow down the adsorption of
As;

e High groundwater temperature to intensity microbiological activity.

In this study, a good understanding of the dependence of these conditions on the
enrichment of As in the vicinity of extraction wells is obtained.
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5.4 RESEARCH PERSPECTIVES

The last part of this thesis provides a short overview of relevant new research

perspectives that follow from the results of this thesis. This study provides new insights

with regard to the distribution of As in an aquifer. However, many questions still remain:

The strong temperature dependence of As mobility is important to consider. A
next step is to incorporate temperature dependences of adsorption rates onto
calcite and Fe oxide.

In this thesis, the mixing processes induced through groundwater extraction are
qualitatively simulated and described. For a better understanding of the effects,
the investigation of these interactions in a more quantitative way is required.
This can be achieved by detailed clogging material analysis. The reactive
transport modeling framework presented in chapter 2 can provides a good
starting point.

Arsenic forms with Ca?* relatively insoluble aquatic complexes (BOTHE & BROWN,
1999; YOKOYAMA ET AL., 2012; RENARD ET AL., 2015) making As>* more stable in the
solution. The authors showed that the processes also induce the oxidation of As3*
to As>*. This finding suggests more pronounced immobilization of As by calcite.
Incorporation of this processes into the model can elucidate As adsorption onto
calcite in more details.
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Table A-1: Result of the hydrochemical analysis at the low-As site (L1 — LC) (the data from Eiche

(2009)).

Depth [m]

T [°C]

pH [-]

diss Oy [mg/L]
EC [uS/cm]
Eh [mV]

Astor [pg/L]
Fe” [mg/L]
Mn?* [mg/L]
Na* [mg/L]
K* [mg/L]
Ca®*[mg/L]
Mg?* [mg/L]
Sr [ug/L]

Ba [pg/L]

Al [ug/L]

Co [pg/L]

Ni [ug/L]

Cu [pg/L]

Zn [ug/L]

Se [pg/L]

B [ug/L]

Sb [ug/L]

Hg [ue/L]

U [ug/L]

Cr [pg/L]

Piot [Lg/L]
Sitot [mg/L]
HCOs [mg/L]
Cl [mg/L]
Cheot [mg/L]
liot [Hg/L]

Stot [Hg/L]
SO+ [mg/L]
NOs-N [mg/L]
NH,4-N [mg/L]
Ntot [mg/L]
DOC [mg/L]

24.0
26.0
6.2
0.3
217
109
0.8

0.08
2.6
30.9
2.0
8.0
8.9
57.0
28.0
59
13
15
11
7.7
0.7
20.0
11
0.3
0.02
0.3
30.0
18.1

140.0
4.6

6.6
240.0
3125.0
9.9
<0.25
0.2
<15
2.2

27.0
26.1
6.5
1.2
251
77
11

0.05
0.6
355
2.3
10.0
12.2
75.0
35.0
8.3
11
1.7
1.2
7.8
0.4
26.0
0.6
0.2
0.04
0.2
28.0
18.2

171.0
3.8

55
237.0
24940
8.1
<0.25
0.1
<15
15

30.0
26.8
6.4
0.6
267
144
0.6

0.02
0.6
36.5
2.3
11.0
13.1
86.0
31.0
4.8
10
13
11
5.7
0.4
30.0
0.6
0.2
0.06
0.1
25.0
18.5

183.0
3.9

55
251.0
2696.0
8.6
<0.25
0.1
<15
<15

33.0
27.0
6.5
0.5
322
106
0.7

0.04
0.4
28.1
2.6
21.0
22.2
166.0
54.0
4.9
0.7
1.4
0.9
6.6
0.2
27.0
0.6
0.1
0.11
0.1
30.0
18.3

232.0
3.6

4.6
192.0
1590.0
5.6
<0.25
0.1
<15
<15

36.5
26.1
6.5
0.5
359
84
0.6

0.03
0.3
20.9
2.7
25.0
28.9
230.0
77.0
10.2
1.0
2.1
16
9.7
0.5
23.0
0.6
0.1
0.17
0.1
27.0
18.0

264.0
3.3

4.5
180.0
1399.0
5.0
<0.25
0.1
<15
<15

39.0
27.2
6.4
0.6
414
60
0.8

<0.02
0.5
20.4
3.0
33.0
333
280.0
92.0
6.1
1.1
1.4
0.8
5.9
0.1
23.0
0.5
0.1
0.28
0.0
6.0
18.7

311.0
35
4.5

174.0

756.0
2.5

<0.25
0.1

<15
<15

41.0
27.6
6.6
0.7
413
85
1.7

0.06
0.5
22.0
29
32.0
31.2
267.0
94.0
7.6
1.1
1.8
4.2
6.2
0.2
23.0
0.6
0.1
0.26
0.2
26.0
19.0

305.0
4.0
4.0

165.0

854.0
2.5

<0.25
0.2

<15
<15

45.0
26.9
6.7
0.3
462
94
0.8

0.04
2.8
334
3.6
38.0
31.6
279.0
121.0
5.7
1.7
1.5
1.2
10.9
<0.1
29.0
0.6
0.1
0.51
0.1
20.0
19.3

352.0
3.5
4.4

154.0

635.0
2.5

<0.25
0.2

<15
<15

54.0
27.0
7.2
0.5
341
-148
7.6

10.2
0.6
33.2
3.8
22.0
20.2
173.0
103.0
5.9
1.2
1.5
1.2
4.9
0.6
32.0
1.1
0.3
0.02
0.1
387.0
17.8

241.0
5.3

8.1
168.0
1679.0
5.7

0.6

0.7
<15
21
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Table A-2: Result of the hydrochemical analysis at the high-As site (H1 — HC) (the data from

Eiche (2009)).

Depth [m]

T [°C]

pH [-]

diss Oy [mg/L]
EC [uS/cm]
Eh [mV]

Astor [pg/L]
Fe” [mg/L]
Mn?* [mg/L]
Na* [mg/L]
K* [mg/L]
Ca®*[mg/L]
Mg?* [mg/L]
Sr [ug/L]

Ba [pg/L]

Al [ug/L]

Co [pg/L]

Ni [ug/L]

Cu [pg/L]

Zn [ug/L]

Se [pg/L]

B [ug/L]

Sb [ug/L]

Hg [ue/L]

U [ug/L]

Cr [pg/L]

Piot [Lg/L]
Sitot [mg/L]
HCOs [mg/L]
Cl [mg/L]
Cheot [mg/L]
liot [Hg/L]

Stot [Hg/L]
SO+ [mg/L]
NOs-N [mg/L]
NH,4-N [mg/L]
Ntot [mg/L]
DOC [mg/L]

17.0
25.9
6.8
0.4
825
-164
330.0

15.9
0.3
14.1
4.1
128.0
37.1
560.0
461.0
4.1
2.4
2.3
1.2
6.0
0.6
20.0
0.4
<0.05
0.06
0.2
657.0
215

650.0
8.2
9.3

61.0
33.0
<5
<0.25
23.2
15.1
3.9

21.0
25.3
7.0
0.6
481
-130
441.0

14.2
0.4
10.7
34
109.0
32.7
365.0
618.0
2.5
21
21
1.2
4.7
0.3
19.0
0.7
<0.05
0.10
0.1
620.0
15.6

554.0
8.8
10.4
44.0
21.0
<5
<0.25
18.6
11.9
2.3

24.0
26.7
7.0
1.0
721
-160
311.0

16.9
0.2
14.2
1.6
127.0
25.4
293.0
506.0
3.6
2.2
2.0
1.0
6.6
0.2
17.0
0.5
<0.05
0.09
0.1
526.0
17.1

550.0
9.9
10.9
41.0
16.0
<5
<0.25
9.1
6.4
2.6

27.0
25.9
7.1
0.8
357
-117
218.0

13.0
0.4
12.4
2.2
127.0
25.0
317.0
532.0
3.6
2.7
2.2
1.2
8.7
0.1
17.0
1.0
<0.05
0.06
0.1
201.0
17.5

509.0
9.7
12.2
31.0
22.0
<5
<0.25
4.4
2.5
<15

34.0
25.6
7.0
0.7
686
-125
340.0

16.2
0.1
12.6
1.5
121.0
24.0
276.0
472.0
31
3.5
2.4
1.9
6.3
0.2
16.0
0.7
<0.05
0.04
0.1
183.0
16.1

521.0
10.2
11.4
29.0
94.0

<5
<0.25
4.1
2.8
1.7

36.0
251
7.2
0.5
708
-114
615.0

12.2
0.4
10.3
2.5
130.0
27.0
419.0
873.0
4.8
4.4
3.4
4.1
6.0
0.3
16.0
1.4
<0.05
0.04
0.2
385.0
143

541.0
10.6
11.9
27.0

<5

<5
<0.25
6.0
4.2
1.6

41.0
26.8
6.9
15
605
-139
207.0

10.7
1.9
12.4
3.8
86.0
39.4
404.0
522.0
4.2
2.6
1.6
1.1
8.7
0.3
17.0
0.9
<0.05
0.08
0.1
455.0
18.0

464.0
31
4.1

62.0
<5
<5

<0.25
2.3
<15
1.6

45.0
25.8
6.9
13
622
-135
306.0

8.3
1.5
13.5
3.1
98.0
34.8
424.0
499.0
5.6
2.2
2.0
1.3
29.3
0.0
16.0
0.5
<0.05
0.17
0.1
371.0
18.6

473.0
3.8
4.7

61.0
33.0
<5
<0.25
2.8
1.5
1.6

57.0
27.6
6.9
1.1
646
-98
8.0
2.0
1.0
12.3
2.6
119.0
26.6
374.0
142.0
4.1
0.6
0.6
1.8
23.8
0.4
17.0
0.5
<0.05
6.21
<LOD
158.0
20.3

486.0
31
4.0

74.0
7.0
<5
2.5
3.8
2.8
1.7
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Table A-3: Measured (Eiche, 2009) and initial concentrations of aqueous components (model
input). Concentrations in mmol/L except Asiot, P in [umol/L], temperature in [°C] and EC in
[uS/cm]. EC values are calculated in PHREEQC based on ions concentrations.

Compound Input Measured range  Input Measured range
Solution 1 min max  Solution 2 min max
EC - 357 825 - 605 708
Temp 25.0 25.1 26.7 25.0 25.8 27.6
pH [-] 7.0 6.8 7.2 6.9 6.9 6.9
Fe?* 0.25 0.22 0.31 0.17 0.04 0.19
NH4* 0.30 0.29 1.66 0.14 0.16 0.27
Ca% 3.00 2.73 3.25 2.30 2.15 2.98
HCOs" 9.00 8.48 10.83 8.00 7.73 8.10
Astot 4.00 291 8.20 3.00 0.11 4.08
Mn?2* 0.02 <0.01 0.03 0.02 <0.01 0.03
Na* 0.43 0.45 0.62 0.43 0.53 0.59
K* 0.08 0.04 0.11 0.08 0.07 0.10
Mg?* 1.00 1.00 1.55 1.00 1.11 1.64
P 10.0 5.90 21.19 10.0 5.10 14.68
Cl 0.28 0.23 0.30 0.28 0.09 0.11
SO4* <0.5 <0.5 <0.5 <0.5 <0.5 <0.5
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Table A-4: Measured concentrations of aqueous components. Concentrations in mg/L except
temperature in [°C], EC in [uS/cm] and all organic contaminants in [pg/L], Nov 2014 (ARCADIS,
2016).

Depth [m] 7 15 10 17 25 9 15
Temp [°C] 14.7 14.9 16.8 17.4 17.4 16.5 17.3
pH 6.83 6.90 7.00 7.04 7.04 7.14 7.33
EC 1560 1500 1700 1750 1750 1760 1800
HCO3" 8.22 8.21 9.86 9.82 10.20 12.80 12.00
Cr 56 80 95 89 93 111 90
SO4* 277 274 252 282 263 85 138
P as POs* <0.6 <0.6 <0.6 <0.6 <0.6 <0.6 <0.6
NOs 70.5 18.3 <1.0 <1.0 <1.0 <1.0 <10
Ca®* 243 215 179 186 178 159 133
Fe?* 0.07 0.06 2.55 3.96 3.01 0.29 1.07
K* 2.75 2.54 7.79 5.02 6.39 4.54 5.24
Mg?* 26.3 26.8 30.0 31.6 31.3 26.9 29.2
MnZ2* 0.12 0.27 0.59 0.46 0.50 0.13 0.09
Na* 43.0 55.0 60.0 51.5 57.3 65.9 52.5
benzene <0.5 3.2 0.8 <0.5 2.6 250.0 60.0
toluene <1 <1 <1 <1 <1 940 12
ethylbenzene <1 <1 <1 <1 <1 380 25
p-xylene <1 <1 <1 <1 <1 1900 39
o-xylene <1 <1 <1 <1 <1 710 23
naphthalene 0.68 0.76 0.73 0.16 0.36 3200 190
acenaphthene 0.19 0.13 99 100 250 230 360
fluorene <0.05 <0.05 25 13 94 83 54
phenanthrene  <0.05 <0.05 3.50 1.30 6.90 22.0 4.80
anthracene <0.01 <0.01 1.10 0.27 2.50 5.3 3.50
fluoranthene <0.01 <0.01 1.00 0.06 0.95 4.8 1.60
pyrene <0.01 <0.01 0.56 0.04 0.51 2.9 0.98
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Depth [m]
Temp [°C]
pH

EC

HCOs"

Cr

SO4>

P as POs*
NOs"
Ca2*
Fe2+

K*

Mg2*
Mn2+
Na*
benzene
toluene

ethylbenzene

p-xylene
o-xylene

naphthalene
acenaphthene

fluorene

phenanthrene

anthracene

fluoranthene

pyrene

3.20
99

0.12
0.07
0.03
0.02

28
16.5
7.11

2000
11.20
96
293
<0.6
<1.0
168
1.61
6.36
28.3
0.26
41.4
230.0

<1

<1
0.85
3.80
0.18
<0.05
0.04
0.02
0.01

10
18.1
6.77
1710
8.37

112
229
<0.6
76.3
155
0.31
5.67
26.6
0.43
55.5

<0.5
<1
<1
<1
<1
1.0
0.08
<0.05
<0.05
<0.01
<0.01
<0.01

17
17.8
6.77

1680
8.36

107
234
<0.6
66.2
154
0.42
5.49
26.4
0.41
533

<0.5
<1
<1
<1
<1
<0.05
<0.05
<0.05
<0.05
<0.01
<0.01
<0.01

25
18.5
6.77

1700
8.38

125
233
<0.6
68.6
153
2.15
5.63
27.0
0.42
54.7

<0.5
<1
<1
<1
<1
0.07
<0.05
<0.05
<0.05
<0.01
<0.01
<0.01

22
18.2
6.88

1700
5.88

110
230
<0.6
58.3
131
0.31
5.91
28.4
0.38
60.2

3.8
<1
<1
<1
<1
2.60
2.90
1.0
0.30
0.11
0.26
0.15

25
18.3
6.85

1700
9.39

106
224
<0.6
67.4
156
0.35
6.08
28.3
0.42
60.2

2.3
<1
<1
<1
<1
1.0
0.09
0.19
0.17
0.24
0.51
0.36
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Table A-5: Measured (ARCADIS 2016) and modelled groundwater levels.

Observation Name Observed Modelled Residual
Value [m] Value [m] [m]

B3-16 87.50 87.51 0.01
B3-17 87.42 87.48 0.06
B3-18 87.60 87.56 -0.04
V3-9 87.72 87.75 0.03
V3-10 87.70 87.71 0.01
V3-11 87.70 87.70 0
V3-12 87.70 87.71 0.01
v2-5 87.75 87.77 0.02
V2-6 87.77 87.77 0
V2-7 87.81 87.83 0.02
V2-8 87.79 87.78 -0.01
V2-9 87.80 87.79 -0.01
V2-10 87.78 87.79 0.01
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Table A-6: Result of the hydrochemical analysis (the data from Neidhardt, 2012).

O N Ul WN -
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17.3
24.0
37.3
17.3
24.0
30.7
24.0
30.7
20.7
24.0
24.0
24.0
30.7
37.3
16.7
21.7
24.0
17.3
37.3
37.3
24.0
24.0
24.0
31.7
24.0
0.0
24.0
24.0
24.0
28.3
0.0
17.3
6.7
40.0
119.3
26.0
24.0
24.0
266.7

3.6
20.0
7.0
10.0
14.0
7.0
6.0
12.0
4.0
3.0
0.2
7.0
3.0
0.5
15.0
15.0
1.0
8.0
20.0
20.0
8.0
12.0
13.0
4.0
2.0

10.0
1.0
1.0
6.0
3.0
0.5

10.0

15.0
1.0

15.0

10.0
2.0
4.0

7.1
7.1
7.2
7.4
8.0
7.1
7.1
7.2
7.4
7.4
7.5
7.5
7.8
7.7
7.6
7.7
7.2
7.4
7.3
6.0
7.4
7.6
7.6
7.6
7.3
7.3
6.5
6.6
6.8
6.8
6.8
6.8
6.6
6.9
7.0
6.8
6.9
7.4
7.5

261.8
267.4
201.6
232.4
142.8
267.4
294.0
236.6
221.8
246.4
147.0
183.4
183.4
203.0
183.4
1554
194.6
193.2
225.4
186.2
215.6
182.0
183.4
124.6
155.4
183.4
233.8
189.0
165.2
191.8
161.0
177.8
186.2
173.6
214.2
214.2

82.6

95.2
175.0

159.3
3329
217.2
173.6
78.4
52.1
194.5
48.0
8.1
3.2
40.0
52.5
29.8
13.8
34.0
33.3
46.2
45.6
30.0
19.6
38.2
5.2
31.5
8.6
163.3
47.6
158.6
86.6
54.8
98.2
55.3
3.4
53.7
36.4
107.8
194
16.6
14.9
83.0

12094.0
9724.0
7368.0

13402.0
9088.0

10380.0

34020.0
8140.0

49.1
80.1
2410.0
3138.0
2310.0
2402.0
2568.0
3248.0
2226.0
2312.0
971.4
15.0
7962.0
148.3
3978.0
1279.8
25120.0
148.6

15374.0
6294.0
2248.0
5196.0
4092.0

38.6
4400.0
5008.0
1681.8
2710.0
2582.0
2472.0
2450.0

1.3
0.6
2.5
2.0
1.5
0.6
0.6
15
1.5
1.7
1.7
1.3
1.5
14
2.1
1.3
4.0
2.7
14
14
0.5
2.2
15
14
3.0
2.3
3.2
2.3
1.8
1.5
2.3
16
1.9
20.5
19
15
1.9
1.2
1.8
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Number  Depth Age pH [-] HCOs Astot Fe?* DOC
[m] [year] [mg/L] (ue/L] [ug/L] [mg/I]
40 17.3 10.0 6.9 212.8 40.8 176.4 2.5
41 30.7 8.0 6.8 257.6 60.4  8056.1 3.2
42 30.7 2.0 6.6 211.4 88.6  7527.7 2.4
43 24.0 2.0 6.7 305.2 37.9  5265.2 2.7
44 28.0 10.0 6.9 121.8 434 47674 2.6
45 22.7 10.0 6.8 257.6 22.7  2259.3 1.9
46 17.3 2.0 6.8 218.4 22.6  1956.2 1.6
47 22.7 7.0 6.7 196.0 33.7  2068.4 2.3
48 29.3 6.8 212.8 3.8 33280 2.5
49 36.7 6.6 207.2 64.1  4903.6 2.7
50 17.3 6.6 208.6 50.3  3864.4 1.5
51 150.7 2.0 7.0 249.2 6.8 839.7 2.4
52 50.7 3.0 6.7 183.4 49.3 34440 2.3
53 35.3 10.0 6.7 175.0 26.6  2680.1 1.8
54 28.7 12.0 6.7 387.8 131.5  6335.2 8.7
55 68.7 6.8 145.6 819  4512.6 1.7
56 110.7 3.0 6.8 183.4 1.5  5064.1 2.6
57 24.0 0.5 6.6 263.2 726 3200.6 3.6
58 27.3 15.0 6.7 235.2 19.7  4493.7 1.7
59 24.0 4.0 6.8 253.7 13.6  4826.1 1.6
60 50.7 4.0 6.8 244.6 9.3 2200.8 2.4
61 40.0 4.0 6.7 283.9 0.5 123.7 2.2
62 48.7 4.0 6.7 209.9 0.5 134.0 1.4
63 42.0 5.0 6.8 220.5 2135  4507.1 1.8
64 42.0 5.0 6.9 215.9 16.2 115.8 2.8
65 22.0 12.0 6.8 232.5 6.7  3423.8 2.4
66 22.0 222  4275.4 2.4
67 270.7 3.0 6.9 250.7 910  2171.8 3.5
68 14.0 1.0 6.8 226.5 1.1 84.1 2.3
69 24.0 0.5 6.6 247.6 0.6 82.4 2.1
70 17.3 15.0 6.6 299.0 70.4 394.7 1.3
71 24.0 3.0 6.7 172.1 11.9 16286 1.4
72 17.3 5.0 6.6 270.3 1.0 65.1 1.8
73 124.0 6.0 6.7 252.2 117.4  3354.6 3.5
74 17.3 10.0 6.6 276.3 7.9 35457 1.5
75 17.3 1.0 6.8 297.5 28.3  4311.0 1.7
76 17.3 12.0 7.0 229.5 3.1 676.7 1.7
77 17.3 8.0 6.9 219.0 3.8 184.8 1.7
78 18.3 7.0 6.8 288.4 17.4  6594.0 1.7
79 24.0 5.0 6.7 274.8 22.4  8157.5 2.9

133



80
81
82
83
84
85
86
87
88
89
90
91
92
93
94
95
96
97
98
99
100
101
102
103
104
105
106
107
108
109
110
111
112
113
114
115
116
117
118
119

24.0
0.0
84.0
27.3
24.0
30.7
27.3
30.7
50.7
50.7
57.3
17.3
24.0
33.3
110.7
20.0
17.3
18.3
133.3
133.3
17.3
17.3
24.0
24.0
18.0
21.3
24.0
24.0
20.7
24.0
24.0
0.0
0.0
24.0
24.0
17.3
24.0
30.0
0.0
18.3

0.5
16.0
0.2
8.0
7.0
12.0
15.0
2.0
0.7
1.0
5.0
16.0
0.2
10.0
15
5.0
7.0
4.0
4.0
4.0
8.0
5.0
0.5
2.0
12.0
12.0
1.0
2.0
5.0
5.0
7.0
8.0
8.0
10.0
3.0
7.0
0.5
16.0
15.0
5.0

6.6
6.6
6.6
6.7
6.7
6.7
6.7
6.8
6.9
6.9
7.0
6.7
6.7
6.9
7.0
6.9
7.3
7.1
7.0
7.1
7.2
7.1
7.0
7.1
7.5
7.5
7.6
7.7
7.9
7.8
7.8
7.9
8.0
8.0
7.6
7.7
7.7
7.1
7.0
7.3

241.6
226.5
246.1
270.3
246.1
258.2
382.0
338.2
201.0
255.0
250.5
234.0
255.1
303.5
283.9
2325
214.4
166.1
306.5
305.0
199.0
232.5
193.2
172.1
178.2
190.2
1721
279.4
234.1
299.0
206.9
238.6
267.3
182.7
170.6
208.4
143.5
231.0
237.0
216.0

355
60.8
63.2
89.2
161.1
230.0
292.7
124.3
13.6
14
1.5
33.2
49.7
53.9
13.7
0.8
6.1
60.6
86.4
36.3
16.9
3.1
21.4
7.2
9.4
21.1
22.1
19.9
70.4
166.9
1715
15.8
6.7
71.5
30.0
52.2
0.6
37.9
4.6
3.2

9364.6
19408.4
1411.8
7765.2
9679.4
45938.2
5526.2
2835.1
53.3
229.8
94.7
8664.6
11173.9
1071.8
1471.3
205.3
2498.1
3390.6
692.3
8.5
3910.5
2682.3
2467.5
1070.4
1707.7
3811.3
4533.2
7726.6
11406.8
4922.6
3569.4
3954.7
108.4
6236.2
1243.8
4192.3
472.7
6543.2
13906.1
1379.4

4.9
16
2.1
4.8
3.9

16
19
5.2
3.7
1.0
12
3.2
2.2
2.2
15
0.1
1.5
3.0
3.2
1.7
14
14
2.4
3.2
5.0
16
3.1
1.3
0.8
2.4
12
14
1.8
12
6.2
2.8
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120
121
122
123
124
125
126
127
128
129
130
131
132
133
134
135
136
137
138
139
140
141
142
143
144
145
146
147
148
149
150
151
152
153
154
155
156
157
158

183.3
25.0
166.7
166.7
24.0
24.0
24.0
24.0
19.3
100.0
100.0
24.0
24.0
133.3
24.0
26.7
17.3
17.3
18.0
17.3
17.3
24.0
17.3
17.3
24.0
17.3
24.0
24.0
30.0
24.0
14.0
16.7
24.0
24.0
24.0
140.0
140.0
17.3
23.3

4.0
1.0
4.0
4.0
1.0
7.0
5.0
15.0
5.0
2.0
2.0

20.0
1.0
3.0
3.0
5.0
7.0

15.0
3.0

12.0
5.0
3.0
2.0
5.0

15.0
7.0
4.0
7.0
4.0
5.0
8.0
7.0
2.0
3.0
4.0
4.0
3.0

17.0

7.2
7.2
7.5
7.3
7.3
7.2
7.2
7.2
7.1
7.4
7.3
7.3
7.1
7.2
7.1
7.1
7.1
7.3
7.6
7.2
7.3
7.3
7.2
7.2
7.1
7.2
7.1
7.1
7.2
7.1
7.4
7.1
7.0
7.1
7.1
7.1
7.5
7.5
7.3

264.0
193.5
241.5
231.0
202.5
219.0
177.0
184.5
237.0
217.5
225.0
232.5
234.0
264.0
2355
238.5
330.0
205.5
165.0
231.0
255.0
214.5
223.5
232.5

99.0
292.5
244.5
246.0
220.5
202.5
216.0
249.0
217.5
174.0
220.5
3225
324.0
264.0
207.0

34.8
50.4
77.4
101.1
159.6
2.3
61.0
57.0
38.6
39.1
84.7
84.9
285.0
31.9
9.7
50.2
2.1
19.5
11
0.9
2.1
21.5
17.0
1.3
12.1
29.0
86.2
89.8
55.7
0.9
10.5
18.3
290.4
131.0
66.1
39.3
63.5
38.4
50.1

1297.8
4052.0
1072.9
1283.1
4853.1
47.8
1040.4
3955.5
54.9
10.1
1042.1
5460.9
3303.8
367.8
11711
7769.6
10.7
299.8
35.0
125.6
1486.2
2306.9
464.3
2201.1
1427.9
4400.1
5258.8
3464.4
3313.9
72.3
933.2
6075.2
4548.2
4189.1
276.7
632.6
14.5
238.1
3327.0

2.0
0.9
1.3
1.9
2.3
11
0.7
11
2.4
0.7
0.6
1.0
1.5
19
2.8
12
2.6
2.2
1.8
2.4
2.6
1.7
1.8
2.4
3.1
11
3.6
2.5
0.6
3.4
12
0.6
3.0
2.3
1.0
3.4
3.7
3.4
15
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Number Astot
[ug/L]
159 20.0 3.0 7.2 222.0 128.5 4819.3 3.4
160 26.7 7.0 7.2 214.5 122.1 5535.4 1.1
161 133.3 1.0 7.5 243.1 2.3 548.4 1.2
162 33.3 3.0 7.5 143.0 549 1421.4 4.4
163 73.3 2.0 7.4 273.0 3.1 327.1 3.1
164 26.7 2.0 7.5 150.8 31.9 1789.0 4.5
165 46.7 12.0 7.5 196.3 0.4 21.4 1.3
166 46.7 18.0 7.4 254.8 0.3 39.3 1.5
167 46.7 8.0 7.5 239.2 0.4 40.6 0.9
168 16.7 8.0 7.4 255.5 1.4 18.4 1.6
169 83.3 4.0 7.5 162.5 0.4 29.1 0.8
170 56.7 3.0 7.5 156.0 0.8 87.9 1.0
171 46.7 6.0 7.6 220.5 0.3 30.7 13
172 146.7 1.0 7.7 276.0 0.8 18.0 0.4
173 56.7 7.0 7.7 202.5 0.8 23.3 1.4
174 16.7 2.0 7.6 246.0 35.2 3389.8 1.6
175 16.7 12.0 6.7 94.5 314 2346.5 0.7
176 26.7 3.0 7.3 202.5 34.7 4302.5 1.6
177 76.7 0.9 7.4 232.5 3.2 174.7 1.6
178 16.7 24.0 7.6 279.0 18.3 1709.3 0.8
179 54.7 2.0 7.1 201.0 1204 31.2 1.5
180 24.0 2.0 7.2 222.0 116.1 3884.7 1.6
181 20.0 6.0 7.4 187.5 123.8 3645.0 1.2
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Table A-7: Result of the hydrochemical analysis (the data from Neidhardt, 2012).
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34.5
36.2
20.5
28.6
19.6
16.1
57.3
11.9
28.9
98.8

9.0
11.7
11.9
20.6
13.6
23.7
17.4
14.7
10.1
23.7
27.8
27.8
115

8.6
10.3
12.8
18.7
16.6

8.2
19.1
43.4
30.0
13.4
24.5
13.1
194

5.9
23.2
10.0

41.9
30.1
25.6
29.5
26.4
34.1
29.5
25.1
29.5
43.7
13.4
16.7
17.7
22.0
17.8
16.6
25.9
30.2
26.4
24.7
32.7
34.6
18.8

8.9
18.4
18.8
26.6
21.5
14.3
18.0
25.6
26.3
18.6
23.3
20.2
17.4
17.3
21.4
20.4

3.3
3.4
3.7
2.2
3.2
3.3
3.2
2.6
51
6.2
2.8
3.3
3.3
4.3
3.0
3.0
4.1
34
3.3
3.3
4.8
1.7
0.9
0.8
2.2
2.7
2.8
3.9
2.5
2.8
4.3
4.3
2.4
3.7
3.4
2.2
5.1
4.0
2.7

122.1
103.1
101.7
127.2
119.1
108.4
117.3
109.3
117.6
155.1
69.2
84.1
110.7
135.9
89.2
78.1
116.8
97.5
115.0
100.3
125.1
121.3
73.0
55.7
80.4
70.9
114.3
90.1
70.9
82.1
125.6
108.8
149.9
110.6
110.4
77.9
138.5
171.9
140.4

1858.1
1211.4
1085.5
1550.9
1714.2
1713.3
3196.2
1880.2
109.6
55.3
1598.4
1286.7
310.1
187.0
356.4
427.1
195.8
136.1
281.0
20.5
1226.6
30.3
646.5
3353
1850.3
32.1
15535
1542.0
1318.2
1585.9
575.8
11.0
933.1
954.1
430.4
1435.7
223.0
383.6
142.6

257.9
542.6
477.4
705.9
306.5
231.6
392.6
214.6
334.0
218.2
309.3
635.8
402.6
304.0
367.2
343.8
604.0
589.8
328.6
8.5
326.5
229.3
87.6
130.6
500.1
168.2
517.6
339.9
547.0
351.2
478.6
604.9
540.2
477.1
259.9
103.5
405.3
3443
117.1

43.5
16.0
14.4
74.8
8.0
15.5
16.6
28.0
27.0
120.2
9.8
6.2
51
24.8
4.3
15.8
18.3
21.4
37.3
6.0
36.1
96.0
6.3
7.9
3.6
8.0
17.8
22.1
12.2
15.9
64.5
41.7
18.2
61.0
4.0
9.8
4.6
19.4
2.6
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40
41
42
43
44
45
46
47
48
49
50
51
52
53
54
55
56
57
58
59
60
61
62
63
64
65
66
67
68
69
70
71
72
73
74
75
76
77
78
79

21.4
25.7
21.0
51.3
37.9
13.3
11.2
11.8
14.7
10.4
11.9
46.8
12.5

9.6
37.4
11.2

9.9
33.2
15.8
15.5
12.8
14.4
10.5
16.2
16.3
12.8
155
14.0
12.0
66.8
18.9
11.3
24.0
16.1
20.7
20.6
155
16.2
14.3
33.8

23.9
334
23.1
35.7
33.0
22.5
20.3
16.0
15.7
20.5
18.0
20.2
19.6
17.9
40.9
14.8
20.0
32.1
21.2
21.7
22.3
24.4
20.0
21.8
215
18.0
24.6
20.9
22.8
36.0
26.0
12.3
32.2
23.3
25.3
25.5
21.0
21.0
32.8
35.9

2.7
2.6
3.0
2.2
2.5
3.2
3.3
2.2
2.6
2.0
2.7
3.0
2.6
2.8
1.8
1.8
2.8
1.2
4.8
4.7
1.9
2.2
1.9
2.3
2.4
3.0
4.0
3.3
3.8
15.8
3.8
3.2
10.3
3.0
3.9
3.8
3.6
4.8
8.6
13.9

122.4
170.6
132.9
133.8
113.2
108.3
90.8
82.3
87.3
89.9
94.6
74.2
78.0
81.2
168.0
57.9
74.3
120.3
100.4
113.6
100.3
106.8
83.6
83.6
84.8
100.2
113.7
91.7
107.9
140.5
147.3
69.0
133.6
99.2
122.4
137.2
94.9
92.4
126.7
128.8

66.8
1717.4
1383.9
1320.2
1470.2
247.7
227.1
687.2
209.1
1238.7
704.9
45.3
1188.6
784.3
967.2
558.0
22.9
965.8
1152.7
1066.2
217.6
57.2
58.0
196.7
7.6
233.8
669.9
53.6
42.8
62.8
128.0
367.0
33.2
245.2
302.6
854.8
108.3
511.6
640.7

1044.8

194.6
225.7
193.3
207.7
174.1
384.6
483.2
332.3
375.3
215.2
296.6
58.8
133.7
235.6
198.5
102.2
397.5
324.7
186.1
209.1
1092.4
1695.6
1596.7
842.8
53
348.9
326.1
123.5
19.0
86.7
560.7
254.4
309.9
75.0
179.9
2354
217.1
88.7
235.2
346.0

26.1
443
16.2
100.6
76.9
17.7
7.4
16.0
9.7
9.1
10.9
4.4
10.5
13.5
15.6
2.4
4.7
52.9
14.4
15.4
12.5
6.5
1.7
11.5
9.3
13.1
13.0
2.2
20.4
146.8
36.8
7.1
49.3
3.5
29.4
29.5
13.4
10.5
40.1
80.8
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80
81
82
83
84
85
86
87
88
89
90
91
92
93
94
95
96
97
98
99
100
101
102
103
104
105
106
107
108
109
110
111
112
113
114
115
116
117
118
119

34.0
20.0
16.8
21.3
18.1
17.8
60.3
25.7
4.4
27.7
30.0
48.4
50.9
44.6
34.1
111.8
20.2
10.4
29.1
29.9
20.6
17.1
7.0
6.7
14.1
46.3
13.4
28.4
15.7
59.7
43.5
46.5
43.5
14.7
10.7
8.3
11.0
15.6
9.7
9.3

22.3
21.5
23.8
25.5
26.0
27.1
35.2
17.0

54
22.7
21.7
20.9
26.5
25.4
28.3
334
17.5
13.9
32.7
324
15.4
191
131
14.7
18.7
25.4
20.5
27.4
24.0
21.2
22.8
26.0
24.9
21.1
121
11.5
25.9
20.9
20.2
16.4

2.9
2.2
4.7
55
3.6
7.0
2.8
1.5
0.8
1.8
1.6
6.2
5.2
2.0
3.6
121
34
3.0
4.7
51
3.8
3.7
53
2.6
3.8
4.0
2.9
2.5
9.3
3.5
3.5
3.3
3.2
2.5
3.7
2.3
17.9
2.2
3.7
2.6

119.1
89.2
94.4

118.6
99.9

115.0

128.3
61.9
20.3
90.7
91.7

103.2

124.0

124.9
95.0

178.2
95.6
81.7

104.6

117.6
98.2

127.0
96.8
88.9

104.0

150.8

120.5

139.0

117.8

114.9

113.9

115.9

107.1
97.2
89.6

116.7
89.3
81.9

106.7

113.4

1088.2
2134.4
127.9
1472.7
1268.6
2479.8
15116
681.4
20.6
19.1
20.3
1386.0
1846.3
447.6
44.9
20.7
1081.8
1003.9
75.8
13.2
2235
167.6
410.8
200.0
496.2
588.8
1007.9
1666.2
2954.1
1132.7
258.7
1251.5
145.0
1312.9
546.4
875.5
29.3
1316.6
179.8
43.2

3274
392.3
81.2
232.7
520.3
809.8
77.7
45.0
202.6
502.8
522.8
116.1
97.1
2524.4
86.2
175.5
499.7
260.5
75.9
334
231.2
458.4
643.3
290.1
367.7
530.1
694.3
266.6
257.1
151.6
50.9
181.4
168.2
231.1
372.0
580.1
488.4
374.3
568.9
397.7

57.1
5.8
12.0
40.9
15.7
16.6
7.7
33.7
27.6
3.0
3.8
64.6
75.9
32.3
4.6
83.9
42.8
7.0
7.8
9.0
33.7
25.6
6.6
9.3
8.0
98.3
87.1
334
19.4
7.8
9.4
20.6
21.2
7.5
7.8
8.6
21.8
21.9
14.3
10.7
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120
121
122
123
124
125
126
127
128
129
130
131
132
133
134
135
136
137
138
139
140
141
142
143
144
145
146
147
148
149
150
151
152
153
154
155
156
157
158
159

14.3
10.8

9.5
13.2
13.8
151
10.8
14.5
18.8
131
12.7
18.5
26.8
151
21.5
20.2
24.4
18.7

8.6
20.2
13.3
13.0
28.3
18.0

5.6
31.1
18.0
25.9
21.7
16.5
14.5
23.5
17.7
14.3
17.9
30.1
30.3
20.7
10.7
13.1

21.2
20.9
14.0
19.4
16.4
24.1
14.3
17.6
23.5
20.8
22.2
17.5
22.5
21.9
25.0
215
36.8
20.0
171
24.0
27.3
17.4
26.6
22.4

7.2
40.6
26.4
20.7
16.8
24.8
15.8
22.0
20.5
15.6
23.5
29.6
30.0
25.0
20.4
21.7

34
2.7
2.4
3.3
3.7
4.0
3.0
2.5
2.7
2.6
2.2
1.8
3.3
2.8
2.2
4.9
8.2
12.9
2.9
2.4
2.5
2.9
4.1
3.3
2.2
3.7
3.2
2.7
2.0
2.4
2.8
4.1
3.5
3.8
3.7
3.9
3.9
2.7
3.0
3.6

107.4
80.4
70.3
98.6
84.7

110.6
69.8
78.7

105.6
89.2
85.5
78.7
91.9

108.4
98.3

104.0

138.2
82.4
75.1
92.6

100.8
81.5

117.9
91.0
38.2

159.9

107.8
90.1
79.6

101.8
81.8
98.8
76.3
62.1
82.5

109.0

112.2
96.5
76.9
80.1

21.9
1200.6
131.1
159.7
816.7
9.6
1212.4
1191.4
15.0
43.7
164.0
1182.0
1339.6
52.1
46.2
1211.0
4.2
292.1
11.2
19.6
27.8
408.5
3.4
51.3
652.8
617.7
730.7
591.1
1060.5
7.6
66.3
551.0
1932.2
1408.6
86.1
2.2
53.3
9.6
884.4
1056.3

62.8
184.2
60.9
84.7
471.2
512.2
274.8
340.6
649.8
5.7
119.8
514.8
489.5
220.2
188.0
279.6
3335
486.4
32.3
3219
396.7
263.1
361.7
199.3
97.6
255.5
374.4
277.5
316.5
197.0
211.9
585.1
340.4
254.6
233.2
113.1
125.0
166.0
145.2
145.0

5.0
10.9
2.2
2.3
3.6
46.7
3.6
111
32.7
2.6
2.7
10.9
18.5
4.8
355
25.5
37.2
18.4
16.7
19.3
13.4
4.4
84.1
111
7.0
25.5
41.2
6.9
11
79.8
6.6
2.9
8.0
8.7
7.2
10.7
11.0
6.3
4.5
3.5
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Number Mn?*
[ug/L]
160 154 22.4 2.9 81.9 783.2 152.8 4.5
161 22.3 24.1 2.4 82.3 3.0 83.8 3.0
162 27.8 15.7 1.6 51.1 523.6 110.8 31.0
163 27.3 27.5 3.2 94.6 7.1 76.6 3.8
164 27.6 15.0 1.4 52.8 405.7 82.0 19.4
165 16.7 22.7 1.7 72.6 9.1 156.5 4.7
166 28.3 27.9 2.4 84.8 16.9 277.4 4.6
167 28.8 25.5 2.1 82.0 3.9 150.6 2.9
168 39.3 34.1 445 98.5 314 402.3 38.0
169 10.0 17.6 1.8 55.2 17.7 286.5 1.3
170 13.0 17.9 1.6 55.8 28.3 203.7 1.5
171 32.7 23.0 2.2 70.4 33.1 145.0 1.7
172 23.2 29.7 2.7 93.3 3.6 77.6 0.7
173 255 21.5 2.1 62.5 38.5 296.0 1.8
174 154 24.9 2.0 102.0 631.3 122.8 28.5
175 15.9 21.7 3.3 86.4 112.0 418.6 2.1
176 15.7 18.3 3.4 89.7 460.8 412.2 21.3
177 17.6 21.7 3.0 82.6 18.6 577.9 3.4
178 38.8 24.8 4.1 124.5 122.7 398.3 15.8
179 17.0 19.0 2.3 69.5 221.4 162.8 6.7
180 25.8 19.8 1.6 74.5 1550.5 109.0 7.0
181 14.0 17.3 3.0 68.8 1510.2 210.4 4.2
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Redox boundary

Groundwater flow direction

l tSD l tD
Low-As site High-As site
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“ 300 m "

0 years
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)

- 300 m >
3.0 15 0
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Ca?* [mmol/L] E T .

Figure A-1. Calcium distribution in a cross-section in the Van Phuc aquifer. The simulation
results after O, 25 and 50 years. The redox boundary position after 0 and 50 years is indicated
by arrows to and tso, respectively.
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Redox boundary

Groundwater flow direction

J tSU l tO
Low-As site High-As site

< 300 m i

0 years

25 years

“ 300 m -
0.3 0.15 0
NH,* [mmol/L] E = ma

50 years

Figure A-2. Ammonium distribution in a cross-section in the Van Phuc aquifer. The simulation
results after 0, 25 and 50 years. The redox boundary position after 0 and 50 years is indicated
by arrows to and tso, respectively.
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Redox boundary

Groundwater flow direction

l tSD l tﬂ
Low-As site High-As site

300 m

0 years

25 years

l tSD l tO
Low-As site High-As site

“ 300m "

H[ ] 7-1- 6.7 6.3 50 years
p - _

Figure A-3. pH distribution in a cross-section in the Van Phuc aquifer. The simulation results
after 0, 25 and 50 years. The redox boundary position after 0 and 50 years is indicated by arrows
to and tso, respectively.
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Figure A-4. Calculated distribution of pH and NH4* in the aquifer.
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Prozess intensity [%]
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Figure A-5. Calculated distribution of pyrite and pe in the aquifer.
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