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Highlights

e Sediment 8'°N positively correlated with elevated fluvial GHG and N2 saturation
e Sediment &'*N enrichment occurred at N-rich streams with high N cycling rates
e Sediment 8'*N may indicate long-term hotspots of biogeochemical cycling in rivers
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Abstract

Nitrogen-rich agricultural headwater streams are known hotspots for fluvial
greenhouse gas (GHG) emissions and denitrification, yet the underlying processes driving
these elevated rates are not fully understood. In this study, we examined these mechanisms by
combining measurements of gross nitrogen turnover processes, open-channel GHG and N2
saturation (%) and fluxes, and 8*°N isotopic analysis of stream sediment and water at nine
headwater stream sites with varying levels of agricultural land use. To assess seasonal
patterns, data were collected across two transitional periods: spring—summer and winter—
spring. Catchment land use emerged as an important environmental driver of variability, as
open channel GHG emissions and denitrification rates were up to 11 times higher in fertilized
grasslands and croplands compared to those in forested areas. In-vitro nitrogen turnover rates
followed a similar trend and were mainly positively related to both GHG and N2
oversaturation. This finding suggests that the excess nitrogen inputs in agricultural streams
promote enhanced nitrogen turnover and gaseous carbon and nitrogen losses. We also
observed a proportional increase in CO2, CH4, and N2 saturation in the water column with
sediment °N enrichment, a known indicator of long-term nitrogen turnover processes.
Because the highest GHG emissions and denitrification N2 losses occurred within streams in
fertilized areas, our findings highlight the potential of using sediment §°N as an indicator of
long-term anthropogenic hotspots of fluvial GHG emissions and denitrification rates.

Keywords: Carbon dioxide, methane, nitrous oxide, headwater streams, gross nitrification
rates, gross ammonification rates, isotopic pool dilution



1. Introduction

Streams and rivers are increasingly recognized as critical components of the global
greenhouse gas (GHG) budget, contributing ~10 % of the global anthropogenic CO»-
equivalent emissions (Jones et al., 2023; Lauerwald et al., 2023b). In comparison to streams in
natural landscapes, agricultural headwater streams in either fertilized grasslands or croplands
are known hotspots of fluvial GHGs, with their GHG concentrations or emissions being
several times higher than those observed in forested or other natural ecosystems (e.g., Borges
et al., 2018; Mwanake et al., 2022; Mwanake et al., 2023a). While it is generally understood
that the enhanced GHG production in agricultural streams is linked to excess nitrogen inputs
from surrounding soils, the mechanistic understanding of the specific biogeochemical
processes involved remains challenging to disentangle (Lauerwald et al., 2023a). This
difficulty in source process understanding stems mainly from the general complexity of
interconnected in-stream N cycling processes (e.g., Mulholland et al., 2009; Peterson et al.,
2001; X. Xu et al., 2025), and the highly dynamic nature of N and dissolved GHG inputs from
groundwater and surrounding landscapes (e.g., Liu et al., 2022; Mwanake et al., 2023b;
Woodrow et al., 2024). Other factors that may also contribute to these complexities include
the possible microbial community shifts with land use changes (e.g., Fasching et al., 2020)
and the complex coupling of C and N cycling processes (e.g., Brookshire et al., 2005; Plont et
al., 2020). For example, several studies have linked inputs of not only bioavailable nitrogen
but also carbon in agricultural streams to land managenient practices such as fertilizer
application, tillage, and plowing, which enhance soil erosion and mobilize organic matter
(Arango & Tank, 2008; Drake et al., 2019; Graeber et al., 2015). Such bioavailable C and N
additions can stimulate microbial GHG production processes such as nitrification and
denitrification for N2O, respiration for CO», and methanogenesis for CH4 (Battin et al., 2023;
Quick et al., 2019; Stanley et al., 2016).

In temperate regions, the timing and magnitude of bioavailable C and N inputs to
streams are typically highly variable, often peaking during periods of fertilization or during
hydrological events such as rainfall and snowmelt, which enhance terrestrial-aquatic
connectivity (Agren et al., 2010; Bellmore et al., 2018; Mwanake et al., 2023a). Additionally,
light and temperature limitations during winter may constrain instream primary productivity,
potentially altering the magnitude of N-driven biogeochemical processes (Arango & Tank,
2008; Kelly et al., 2021; Pifia-Ochoa & Alvarez-Cobelas, 2006). These dynamics can lead to
seasonal changes in fluvial GHG fluxes, driven partly by the temporal variability in
biogeochemical process rates. Yet, process rate measurements that link enhanced nitrogen
turnover processes to elevated GHG emissions in temperate riverine ecosystems across
different seasons remain scarce (e.g., Beaulieu et al., 2011), with most studies relying on
inferred relationships from their bivariate correlations with water quality parameters (Aho et
al., 2021; Borges et al., 2018; Hu et al., 2016; Mwanake et al., 2023a).

Previous research on nitrogen cycling in streams has also primarily focused on process
rates measured using laboratory-based sediment slurry assays that often employ nitrification
or denitrification inhibitors (Arango & Tank, 2008; Kreiling et al., 2019; Speir et al., 2020;
Vincent et al., 2025; X. Xu et al., 2025). While these approaches are relatively cheaper and
offer valuable insights into instream nitrogen cycling, they face limitations, particularly
regarding the uncertainty in scaling results to open-channel fluxes (Reisinger et al., 2016) and
concerns about the effectiveness of the inhibitors themselves (Hall, 1984; Malone et al.,
1998). In contrast, relatively few studies have employed open-channel techniques, such as
isotopic tracer additions or direct field measurements of net rates, which are better suited to
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capturing nitrogen cycling at the ecosystem scale (Mulholland et al., 2009; Mwanake et al.,
2024; Peterson et al., 2001; Reisinger et al., 2016). In addition, most research on fluvial
nitrogen cycling has primarily focused on nitrogen-limited forested ecosystems (e.g., Kemp &
Dodds, 2002; Peterson et al., 2001; Pifia-Ochoa & Alvarez-Cobelas, 2006), leaving significant
gaps in our understanding of how anthropogenic nitrogen additions influence instream
nitrogen cycling in both the short and the long term.

Natural abundance soil/sediment §'°N isotopic signatures have shown great promise as
integrative proxies for long-term nitrogen cycling processes in both terrestrial and aquatic
ecosystems (Diebel & Zanden, 2009; Wangari et al., 2024; Liao et al., 2021; Peipoch et al.,
2012). This is because the *°N isotopic signature of both soil/sediments reflects the
cumulative effects of nitrogen inputs, transformations, and losses, including mineralization,
nitrification, and denitrification, as well as shifts in nitrogen sources over extended timescales
(Denk et al., 2017). Several studies in terrestrial ecosystems have linked enriched soil 5'*N
values with increased anthropogenic nitrogen inputs and intensified nitrogen turnover rates
(Craine et al., 2015; Wangari et al., 2024). Mechanistically, §*°N values in the bulk
soil/sediment become enriched or depleted as a result of isotopic fractionation through
gradual nitrogen turnover processes over several years. When these turnover rates are high,
more substantial isotopic fractionation occurs as the lighter-isotope (}*N) is preferentially
consumed during the microbial transformations, resulting in *°N-depleted products and a
progressive enrichment of '*N in the residual substrate pool (Craine et al., 2015).

Because terrestrial and aquatic biogeochemical processes are tightly coupled through
inter-ecosystem nutrient and sediment transfer, enriched sediment 5'°N values are also likely
to indicate hotspots of nitrogen turnover rates within fluvial ecosystems. These hotspots may
also be associated with nitrogen-driven-increases in GHG emissions and denitrification N
losses found in human-impacted streams (e.g., Beaulieu et al., 2011; Upadhyay et al., 2023).
Despite its promise, the application of sediment §*°N as a proxy for long-term nitrogen
cycling and GHG emission potential in fluvial ecosystems remains underexplored, with so far
only a few studies directly linking sediment isotopic composition to measured process rates or
emission fluxes in aquatic ecosystems. (Marwick et al., 2014; Xia et al., 2022). To address
key gaps in understanding the biogeochemical drivers of elevated GHG emissions and
denitrification N losses in agricultural streams and their links to N cycling, this study aimed
to: (1) quantify the spatial and temporal variability of nitrogen turnover process rates, GHG
emissions, and open channel denitrification rates across a land use gradient (forest-grasslands-
croplands) (2) measure stream sediments and water §'*N isotopic values and assess their links
with land use differences in instream nitrogen turnover processes, bioavailable forms of C and
N, and oxygen depletion and 3) evaluate the potential of sediment 5!°N as a long-term proxy
for identifying magnitude of GHG emission and N turnover processes at contrasting land
uses.
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2. Materials and methods
2.1 Site description

In this study, we sampled nine headwater stream sites (stream order 1-2) located
within the southern Bavarian region of Germany (Figure 1; Table 1). The sites were selected
primarily based on their dominant upstream land uses, with a focus on reference forest sites
and fertilized agricultural sites that encompassed both grasslands and croplands. The rationale
for choosing these three land uses/land covers was that they cumulatively account for almost
two-thirds of the global land surface (Winkler et al., 2021), and also provide a gradient from
natural to human-influenced ecosystems. Firstly, upstream catchment areas across the nine
sites were delineated from a digital elevation model with a 30m resolution (Farr et al., 2007)
using the “whitebox” package in R. The upstream land uses % of all the delineated
catchments were then calculated from the Corine land cover 2018 survey
(https://land.copernicus.eu/pan-european/corine-land-cover/cle2018?tab=mapview). Sites
with greater than 50 % forest or agricultural (cropland + pasture) upstream land use were
classified as either forested, grassland, or cropland streams, resulting in three forested, four
grassland, and two cropland-dominated streams.
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Figure 1: Location of the nine sampling sites within Germany (Table 1). The background
map represents the elevation based on a STRM digital elevation model with a 30 m resolution
(Farr et al., 2007).

Table 1: Summary descriptions of the nine sampled sites, including topographic and land use

information
Strea
Strea m Land use (%0)
m slope

Site Longitud Elevatio length (mm~ Fores Urba Grasslan Croplan Main

Name Latitude e n (m) oot n d d Landuse
47.58421 11.15045

AB 5 8 725 940 0.150 100.0 0.0 0.0 0.0 Forest
47.78939 11.17100

EB 6 6 610 2085 0.005 17.0 1.1 29.0 51.9 Cropland
47.81529 11.07262

FB 9 6 598 2110 0.010 417 0.7 57.6 0.0 Grassland
47.46905 11.03939

KB 2 4 755 1254 0.020 83.6 11 15.2 0.0 Forest
47.82430 11.10994

OB 6 2 564 6188 0.054 31.1 9.1 53.0 6.9 Grassland
47.54007

RB 4 1111043 664 1223 0.045 8.5 0.0 91.0 0.4 Grassland
47.81508 10.81388

RIB 9 3 738 1467 0.035  25.7 0.0 3.4 71.0 Cropland
47.75846  10.93135

RTB 5 1 894 654 0.037 995 0.0 0.5 0.0 Forest
47.54405 11.11924

SB 5 8 663 828 0.060 195 0.1 80.3 0.0 Grassland

2.2 Sampling strategy

Sampling was conducted across the nine sites in two five-week campaigns: the first
during the spring-summer transition (May 7-June 11, 2024) and the second during the winter-
spring transition (March 6-April 8, 2025). These transition periods were selected because
they represented phases of increasing temperature with contrasting magnitudes. The spring-
summer transition was hypothesized to capture warming from moderate to high temperatures,
representing a substantial absolute increase in temperature that would enhance microbial
metabolic rates. In contrast, sampling during the winter-spring transition captured warming
from cold to moderate temperatures, a critical period for initiating biological activity
following winter dormancy. Additionally, these periods were also hydrologically dynamic
based on our past study in the region, characterized by snowmelt-driven discharge variability
and precipitation pulses that influence gas exchange velocities, and the delivery of terrestrial
dissolved gases, carbon, and nutrients fueling instream GHG evasion (See Mwanake et al.,
2023a). Within each five-week campaign, weather conditions and in-stream discharge
remained relatively stable, ensuring temporal consistency. The nine sites were also randomly
sampled across the three dominant land uses to minimize potential confounding effects of
short-term meteorological variability on the expected land-use-driven differences in instream
biogeochemical processes.

2.3 Hydrological and water quality measurements

For each site visit, stream velocity was quantified using an electromagnetic sensor
(OTT-MF-Pro, Hydromet, Germany). The stream slope was calculated from the STRM digital



elevation model with a 30 m resolution (Farr et al., 2007). In-situ water temperature (°C), pH,
and dissolved oxygen (DO) (% saturation and mg L) were quantified using the Pro DSS
multiprobe (YSI Inc., USA). Water samples were collected for ammonium (NHs-N), nitrate
(NOs-N), dissolved organic carbon (DOC), and total dissolved nitrogen (TN) analyses and
filtered on-site using polyethersulfone (PES) filters that had been pre-leached with 20 mL of
stream water. In the laboratory, these samples were analyzed for NH4-N and NOs-N
concentrations using colorimetric methods, which involved measuring the absorbance of the
samples with a microplate spectrophotometer (Model: Epoch, BioTek Inc., USA). The DOC
and TN were measured using a TC/TN analyzer (DIMATOC, Dimatec, Germany). Dissolved
organic nitrogen (DON) was calculated as the difference between TN and the two dissolved
inorganic nitrogen (DIN) species.

2.4 Quantification of !°N in DIN

Using part of the water samples collected at each site, the natural abundance §*°N in
DIN was estimated by conducting successive chemical reduction and oxidation steps and then
analyzing the isotopic signature from the final product N2 (28, 29, 30) on a membrane inlet
mass spectrometer (MIMS; Bay Instruments, USA). Firstly, NOs-N in the samples was reduced
to NHs-N by zinc powder in an acidic medium. The liquid phase of the resultant mixtures was
then gently transferred into the 12 mL vials until they were Tilled to the brim, and the vials were
tightly capped with gas-tight septum caps. The next step involved oxidizing all the NHs-N in
the samples to dissolved N2 (containing all three isotopes, with masses 28, 29, and 30) by adding
250 pL of oxidant solution (hypobromite iodine) through the gas-tight septum using a needle.
The R2g in the sample (mass ratio 29:28) and standard (atmospheric nitrogen dissolved in water
at 20 °C) were then analysed on the MIMS, and the §**N-DIN (%) in the sample was estimated
according to equation 1.

Ryg9 sample

815N — DIN (%0) = ( - 1) x 1000 )

R,q standard
2.5 Open-channel CO2, CH4, and N20 and N2% saturation and flux measurements

As for the GHGs, CO», CH4, and N2O concentrations in the streams were measured by
collecting in situ gas samples using the headspace equilibration technique, following
published protocols (Aho & Raymond, 2019; Mwanake et al., 2022). Specifically, 80 ml of
water was equilibrated with 20 ml of atmospheric air in a syringe after shaking for 2 minutes
in the stream water to maintain in-situ temperatures. The headspace gas samples were
transferred into 10 ml pre-evacuated glass vials for GHG concentration analysis in the
laboratory using an SRI gas chromatograph (8610C, Germany) with an electron capture
detector (ECD) for N2O and a flame ionization detector (FID) with an upstream methanizer
for simultaneous measurements of CH4 and CO> concentrations. GHG concentrations were
also quantified using a GC from air samples collected in 10 mL glass vials at each site (Table
S1). GHG concentrations in the stream water (in moles L) were then calculated using a mass
balance approach as the sum of the post-equilibration gas concentrations in the headspace and
water, after correcting for background GHG concentrations using the measured atmospheric
air gas samples. For these calculations, the headspace gas concentrations were calculated
using the Ideal Gas Law, while the water-phase gas concentrations were calculated using
Henry's law (Aho & Raymond, 2019; Mwanake et al., 2022; Mwanake et al., 2025D).

Additional in-situ duplicate water samples were collected for N2 concentration
measurements by filling gas-tight 12 mL Exetainers underwater (Labco, UK) without air
bubbles. The samples were then stored in a refrigerator at 2 °C until analysis. In the
laboratory, measurements of dissolved N2 (in moles L) were carried out using the MIMS at
near-in-situ temperatures, following the procedure outlined in Kana et al. (1994). We used
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N2:Ar current ratios to measure N2 concentrations with high precision (<0.05 CV%) (Kana et
al., 1994; An et al., 2001). The MIMS setup included a liquid N2 trap and a reduction furnace
to minimize water vapor and NO interference on the N> measurements (Kana et al., 1994).
Both the GHG and N2 concentrations were then expressed as % saturation (Equation 2). This
calculation was performed by normalizing the actual concentrations in the water (Caq in moles
L1) to the stream water concentrations in equilibrium with site-scale measured atmospheric
GHG concentrations and atmospheric pressure (Csat in moles L), based on Henry's gas
solubility constants calculated at specific water temperatures.

GHG and N, saturation (%) = (

Cea ) % 100 @)
Csat

Open-channel diffusive fluxes (F) (mass m? d ) of the three GHGs and N were then
estimated using Fick’s Law of gas diffusion, where the flux is the product of the gas exchange
velocity (k) (m d!) and the difference between the stream water (Caq) and the ambient
atmospheric gas concentration in water, assuming equilibrium with the atmosphere (Csat)
(Equation 3).

F=k (Caq — Csat) (3)

The gas transfer velocities (k) for each of the gases were calcuiated from normalized gas
transfer velocities (keoo) (M d1), modeled from measured site-scale stream velocity and slope
values using equation 4 from Raymond et al. (2012), where V is stream velocity (m s™), and S
is the slope (m m™).

k600 = VSO'76 X 951.5 (4)

2.6 Quantification of in-vitro gross nitrification rates, gross ammonification rates, and
net N2 fluxes

We conducted sediment slurry incubations to measure process parameters. At each
site, approximately 2 kg of fresh sediment was collected along a 5 m reach, homogenized, and
filtered onsite to remove leaf litter, and then stored in acid-washed containers. Ten liters of
bottom water were also collected for each site in acid-washed plastic containers. In the
laboratory, the incubation experiment was divided into three parts: two for the gross rate
measurements and one for the N2 flux measurements. For the gross ammonification (GAR)
and gross nitrification rates (GNR), 20 g of fresh sediment and 100 mL of stream water were
initially added to 250 mL glass flasks (Sigma Aldrich) (16 flasks, with 8 designated for the
GAR and 8 for the GNR). To one batch of 8, we added 2 mL of *®N-KNOs (5000 pmoles-N
L%, N at 99%) for quantifying gross nitrification rates (GNR), and to the other batch of 8
bottles, we added 2 mL of ®N-NH4CI (5000 pumoles-N L, °N at 99%) for quantifying gross
ammonification rates using the isotopic pool dilution method (Murphy et al., 2003). On
average, the ®N additions accounted for 12.7% of background extractable sediment NOs-N
concentrations and 34.8% of extractable sediment NH4-N concentrations (Table S2). These
enrichment levels ensured detectable °N dilution while remaining within the range commonly
recommended to minimize stimulation of in situ nitrogen consumption processes (Murphy et
al., 2003; 5-25 % of background levels). For the N2 flux measurements, 40 g of fresh
sediment and 210 mL of stream water were incubated in 8 additional flasks with no
headspace.

The 8 bottles for the three analyses included 4 replicates for initial conditions before
incubation (To) and 4 replicates to be sampled after incubation (T1). After the setup, all 24
bottles were capped with gas-tight lids. The glass bottles were placed in the shaker at 250 rpm
for mixing. After mixing on the shaker for 4 minutes, half of the bottles (12) were incubated
in the dark for 42 hours in a shaking incubator (rpm 120, 20 °C). The other half was
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destructively sampled to determine initial concentrations of total NH4-N, °N-NHy, total NOs-
N, ®N-NOs, and N concentrations. The same destructive sampling method was applied to the
12 bottles after incubation. While the micro-scale redox conditions within the incubation
bottles used to measure gross nitrification, gross ammonification, and N2 fluxes may not have
fully replicated in situ field conditions, our rationale for conducting experiments with a
headspace (gross nitrification and ammonification) and without a headspace(N2), combined
with continuous shaking, was to represent turbulent riverine environments in which sediment,
water, and air phases interact dynamically.

For DIN concentration measurements, destructive sampling involved transferring 10
mL of the sediment slurry to 50 mL centrifuge tubes and adding 40 mL of 1 M KCI to extract
DIN. During extraction, the KCL and the slurry mixtures were shaken for 1 hour at 250 rpm.
The mixtures were then allowed to decant, and the upper waters were filtered through a 0.45
um pore-size PES filter for later analyses of total NH4-N, *°N-NHa, total NO3-N, *°N-NOs
concentrations in the filtrates. From the extracts, total NH4-N and NOs-N concentrations were
analyzed using the colorimetric method described above. The ®N-NH4and *®N-NOs
concentrations were analysed using the REOX/MIMS method on the MIMS (Lin et al., 2017,
2021). Measurements of initial and final dissolved N2 were also carried out on the MIMS
following the procedure outlined in Kana et al. (1994).

After quantifying the initial and final DIN concentrations, gross ammonification and
gross nitrification rates were then calculated based on equation 4, where by the GR represent
either GAR or GNR in pg N gt d!, Mijand M are the individual concentrations of total NH.-
N for GAR or total NOs-N for GNR in the initial and final sediment-slurries in ug N g, Hi
and Hs are the respective concentrations of °N-NH for GAR or *®N-NOs for GNR in initial
and final sediment in ug N g% and t is the incubation time in days (Equation 5; Murphy et al.,
2003). Theoretically, the pool dilution method calculates the gross rate (GR) of a nitrogen
transformation process by measuring how quickly a labeled tracer (in this case *®N-NH, or
1°N-NOs) is diluted within the substrate pool over time. The first term Mi—Mf represents the
net fluxes of the total DIN species (or substrate) pool size over time. The logarithmic
correction factor accounts for the dilution of the °N tracer by the unlabeled N produced,
allowing the back-calculation of the actual gross rate from the observed changes in both pool
size and the enriched tracer. When the first term (net fluxes) is multiplied by this correction
factor, it yields the gross production rate of the process.

1o o X My
M; —M; Og(H xM)
GR=——L x ——— (5)

log(ﬁ})

The net N fluxes during the incubations were calculated using Equation 6, where FN;
is the N2 fluxes in pug g d?, Cj and Cs are the respective concentrations of N2 in initial and
final sediment-slurriesin pg g2, and t is the incubation time in days.

C; —
FN, =L

(6)

2.7 Sediment C content, N content, C:N ratio, and >N measurements

About 0.5 kg of the remaining fresh sediment sample was oven-dried to a constant
weight at 60 °C. Then, 50 g of the dry sediment was ball-milled into a fine powder for
measurements of sediment C content, N content, C:N ratio, and 3:°N that were performed
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simultaneously using an elemental analyzer (EA 1110, CE instrument) coupled in a
continuous flow mode to an IRMS (DELTAPLYS, Finnigan MAT: Precision = 0.15 %o). The
natural abundances of 6*°N in the sediment samples were expressed relative to those in the
standard (Equation 7), where Rsample is the N (**N/*N) isotope ratio measured in the samples,
and Rstandard 1S the isotope ratio in the standard (atmospheric N2).

SN (%0) = (=222 _ 1) x 1000 )

Rstandard

2.8 Statistical analyses

We applied a non-parametric post-hoc Dunn’s test to identify significant (p < 0.05)
seasonal and land-use differences in water quality parameters, nitrogen cycling rates, and
CO2, CH4, N20, and N2 saturation and fluxes. In this non-parametric test, we employed the
Benjamini—Hochberg (BH) method due to its ability to control the false discovery rate. To
identify the key environmental and biogeochemical predictors of open channel CO2, CHa,
N20, and N oversaturation, we applied both bivariate regression models and multivariate
regression models using the gimnet package in R. The bivariate models were used to examine
linkages between sediment §'°N enrichment and nitrogen cycling, GHG, and N saturation
hotspots. The multivariate models assessed how these relationships covary with other key
water quality parameters.

Before model construction, all GHG and N saturation values were transformed using
the natural logarithm to meet the assumption of normality required for these models. The
predictor variables in each of the multivariate models included dissolved organic carbon
(DOC), dissolved organic nitrogen (PON), dissolved inorganic nitrogen (DIN), dissolved
oxygen (DO) saturation (%), agricultural land use percentage, sediment 8*°N and in-vitro N
turnover process rates (N2 flux, gross ammonification rate (GAR), and gross nitrification rate
(GNR). The rationale for choosing these variables was that they represented either substrates,
indicators, or actual GHG production and consumption processes within streams (Battin et al.,
2023; Mwanake et al., 2024; Stanley et al., 2016). All predictor variables were standardized
(centered and scaled) prior to model fitting to ensure that coefficient estimates were directly
comparable across variables with different units and scales. For the multivariate analysis, we
used elastic net regression (with the alpha parameter set at 0.5), which combines L1 (LASSO)
and L2 (ridge) penalties to perform variable selection and handle multicollinearity among
predictors simuitaneously. The optimal regularization parameter (1) was then selected using a
5-fold cross-validation, with coefficients extracted at A = lambda.1se to favor model
interpretability and reduce overfitting. This approach shrinks coefficients of less influential
predictors toward zero, effectively performing automated feature selection while retaining
interpretability. Model performance was assessed using R?, calculated as the proportion of
variance explained by the selected predictors. All these analyses were conducted in R version
4.4.0.



Journal Pre-proof

3. Results
3.1 Spatial-temporal trends in water quality parameters

Across the two transitional sampling periods, from spring to summer and from winter
to spring, in-stream DIN (ammonium (NHa4-N) and nitrate (NO3-N)) and their 5*°N isotopic
signatures exhibited the most substantial variability, ranging by up to 2 orders of magnitude
(Table S3). In contrast, stream water pH had the least variation (Table S3). Water temperature
and the 5°N-DIN showed significant seasonal patterns, with higher temperatures in the
spring-summer period coinciding with up to 7%o higher §*°N-DIN isotopic values across the
three land uses (Figure 2).

However, land-use rather than seasonal differences accounted for most of the
variability in water-quality parameters, following gradients from forest to grassland to
cropland (Figure 2). For instance, DO saturation was significantly higher in forested streams
than in grassland streams in the spring-summer transition, but showed no significant land use
differences during the winter-spring transition. NH4-N concentrations exhibited similar land-
use patterns during the spring-summier period, with higher values in forested streams than in
grassland and cropland streams (Figure S1; Table S4). NOs-N and TN were up to 8.8 times
higher in cropland streams compared to those in grasslands and forests, with the most
pronounced differences observed during the winter—spring transition (Figure 2; Figure S1;
Table S4). The high TN concentrations in cropland streams relative to DOC resulted in
significantly lower DOC:TN ratios at these sites than in grassland and forested streams during
both sampling periods (Figure 2; Figure S2).
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Figure 2: Seasonal and land use patterns of key water quality parameters across nine sites
(forest=3, grassland = 4, cropland =2). Differences in the letters on top of the boxplots
represent significant (p <0.05) combined differences across seasons and land use, based on
the non-parametric post-hoc Dunn’s test.

Similarto NOs-N, the total DIN pool showed consistent land-use patterns across
seasons, with significantly higher concentrations in cropland streams than in grassland
streams and forested streams (Figure 2). Opposite trends, however, were observed for the
3°N-DIN isotopic values, which were significantly more enriched in forested and grassland
streams than in cropland streams (Figure 2). These opposing trends resulted in a significant
positive relationship between site-scale §*°N-DIN isotopic values and the inverse of DIN
concentration, with trends along the regression line driven by both seasonal and land-use
differences (Figure S3). For example, we observed the most depleted §*°N-DIN isotopic
values at cropland sites, which had the highest DIN concentrations during the winter-spring
period. In contrast, the most enriched 3°N-DIN values appeared at a forested site during the
spring-summer transition, which also had the lowest DIN concentration (Figure S3).
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3.2 Spatial-temporal trends in in-vitro nitrification, ammonification, and denitrification
rates

Similar to the water quality parameters, N cycling process rates exhibited high
variability throughout the study period, with in-vitro gross nitrification rates (GNR) and
denitrification (N2) rates varying by up to two orders of magnitude (Table S3). Specifically,
gross nitrification rates, gross ammonification (GAR) rates, and denitrification rates ranged
from 0.02 - 3.15ugNg'd?, 0— 2.5 ngNgtd? and 0.08 — 5.39 ug N, g d?, respectively.
In contrast, net nitrification and net ammonification rates showed much narrower ranges, from
-0.48 —0.51 and -0.36 — 0.04 ug N g™t d*, respectively. Mean gross N turnover rates were up
to 8.8 times higher than net rates, but up to 1.8 times lower than denitrification rates (Table
S3).

Like the water quality parameters, land use rather than seasonality was the primary
driver of variability in the nitrogen cycling processes (Figure 3). For instance, GAR and GNR
were up to 3.3 times higher in cropland streams compared to forested streams during the
winter—spring period. GNR and denitrification rates also showed similar land use differences
during the spring—summer period, though the GNR differences were not statistically
significant (Table S4; Figure 3). However, cumulative nitrogen cycling processes consistently
followed the same trend, with higher rates observed in cropland or grassland streams than in
forested streams across both seasonal transitions (Figure 3). In contrast to gross rates, net
ammonification and nitrification rates exhibited minimal to no significant variation across
seasons or land uses (Figure S1).
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Figure 3: Seasonal and land use patterns of in-vitro gross nitrification rates (GNR), gross
ammonification rates (GAR), denitrification rates (DN), and their combined rates across nine
sites (forest=3, grassland = 4, cropland =2). Differences in the letters on top of the boxplots
represent significant (p <0.05) combined differences across seasons and land use, based on
the non-parametric post-hoc Dunn's test.

3.3 Spatial-temporal trends in GHG emissions and open-channel denitrification (N2
fluxes)

Stream greenhouse gas (GHG) concentrations were predominantly oversaturated
relative to atmospheric equilibrium, with mean (£ SE) saturation values of 646 + 62% for
CO2, 2682 + 455% for CHa, and 160 + 18% for N2O (Table S3). GHG saturation levels also
varied by up to three orders of magnitude, with the largest variability observed for CHa,
ranging from 49 — 14335%. In comparison, CO2 and N-O exhibited lower variability, ranging
from 88 — 1873% and 51 — 689%, respectively (Table S3). Like GHGs, open-channel N2
concentrations were also mostly oversaturated during the study period, ranging from 92.7—
108.4% (mean: 101.7 + 0.5%). Estimated fluxes ranged from-0.2 —66.5 gm2d* for CO.-C
(mean: 13.9 + 2.1), -0.2 — 37.7 mg m>d*for CHs-C (mean: 8.6 + 1.4), -4.18 — 5.04 mgm™>d"
for N2O-N (mean: 0.4 + 0.3), and -15.8 — 35.0 gm2d* for N, (mean: 1.54 + 1.7).

Similar to the patterns observed in water quality, nitrogen cycling processes, and
sediment characteristics, variability in GHG and Nz saturation and fluxes was mainly
influenced by land use (Figure 4; Figure S4). Specifically, CO2, N2O, and N2 saturation values
were up to 4.9 times higher in cropland and grassland streams than in forested streams during
the study period. In contrast, CH4 saturation values, which differed among agricultural
streams, were higher in grasslands than in both forested and cropland streams (Figure 4, Table
S4). GHG and N2 fluxes followed similar patterns to their saturation values, and were up to 11
times higher in the agricultural streams than in forested ones. Regarding seasonality, cropland
and grassland streams exhibited the most substantial variability, generally showing higher
CO; fluxes during the spring—summer transition, whereas N2O showed the opposite trend,
peaking during the winter-spring period. In contrast to these two GHG fluxes, seasonality had
a limited overall influence on CH4 and N2 fluxes (Figure S4, Table S4).
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Figure 4: Seasonal and land use patterns of open channel CO2, CHa, N2O, and N saturation
and fluxes across nine sites (forest=3, grassland = 4, cropland =2). Differences indicated by
the letters on top of the boxplots represent significant (p <0.05) combined differences across
seasons and land use, based on the non-parametric post-hoc Dunn's test.

3.4 Variability in sediment characteristics and their links to in-vitro N turnover rates,
GHG, and N2 saturation

While sediment textures were not quantitatively determined, field observations during
sediment sampling indicated that they were mainly a mixture of gravel and fine sediments, but
the dominance of either varied across sites. Elemental analysis revealed that the carbon
content, nitrogen content, and 8*°N isotopic signatures of sediments across the nine sampled
sites varied widely, ranging from 3.1 to 12.4% C, 0.05 to 0.18% N, and -0.68 to 7.54%o,
respectively (Table S3; Figure S2). As with other measured parameters, land use significantly
influenced sediment characteristics (Figure S2). Sediment §'°N isotopic signatures were more
variable in grassland streams compared to cropland and forested streams, ranging from 1.9 to
7.54%o (Figure S2). Sediments within cropland streams had significantly higher N content,
lower C content, lower C:N ratios, and their 51°N were, on average, 4.81%o enriched
compared to forested streams, whose 5*°N signals were mainly close to zero (Figure S2). The
enrichment in the sediment 5°N was also significantly positively related to the site-scale
cumulative N turnover rates (GNR+GA+DN: r?= 0.62, p <0.05), with the higher enrichment
in the cropland and grassland sites coinciding with higher N cycling rates (Figure 5A). Similar
significant positive relationships were also found between sediment 6*°N enrichment and
COz, N20, and N saturation (Figure 5B, D, and E: r> = 0.38 - 0.51, p <0.05). The relationship
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with CHj4 saturation also showed a positive trend, although it was not statistically significant
(Figure 5C, p >0.05).
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Figure 5: Bivariate relationship between sediment §1°N (%o) and A) cumulative in-vitro N
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saturation, C) CHs saturation, D N2O saturation, and E) N saturation. All GHG and N2
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3.5 Relationships between GHG and N2 saturation with agricultural land use, sediment
3N, in-vitro N cycling processes, and other key water quality parameters

In addition to assessing general land use and seasonal patterns in GHG and N>
dynamics, we also evaluated site-scale variation associated with differences in upstream
agricultural land use (% grassland + cropland), sediment 5!°N, in-vitro nitrogen cycling rates,
and key water-quality parameters (Figure 6). Based on the coefficient of determination (R?)
from the elastic-net regression models, these predictors explained far more variance in GHG
(R? = 0.64 — 0.88) saturation than in N2 (R? = 0.46). Among the environmental integrator
variables, the percent of agricultural land use within the catchments was positively associated
with CO2, CHs, N2O, and N saturation (Figure 6). However, its influence was comparatively
less than that of sediment §*°N, which also exhibited positive relationships with CO2, CHa,
and N2 saturation and emerged as one of the strongest predictor variables based on effect sizes
(Figure 6). For the water-quality predictor variables, DO saturation was negatively associated
with CO., N2O, and N2 saturation (Figure 6). DIN and DON concentrations were generally
positively related to GHG and N2 saturation. Notably, DIN was most strongly associated with
N20 and Nz oversaturation, whereas DON had stronger positive relationships with N>O and
CHa oversaturation (Figure 6). In contrast, DOC showed only weak positive relationships
with CO2, CHa, and N2 saturation, and was not related to N2O.

In vitro N-cycling processes also broadly aligned with in situ GHG and N2 saturation
patterns (Figure 6). Gross nitrification rates were positively related to all three GHGs and N,
with the strongest effects observed for N saturation. In-vitro denitrification rates showed
mixed relationships, being positive with CO., CHs, and N2 saturation, but negative with N2O
saturation. Gross ammonification rates were positively related to CH4 saturation and
negatively related to N2 saturation, but had no relationships with CO or N2O. Overall, across
the predictors, site-scale variation in COz saturation was most strongly explained by
environmental variables, especially sediment 5°N. Dissolved nitrogen concentrations were
primarily linked to N>O saturation, whereas N> saturation was best predicted by in-vitro N-
cycling rates. CH saturation showed mixed responses and was mainly influenced by all types
of predictors.
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Figure 6: Results from elastic net regression models showing relationships of key site-scale
parameters, including environmental process integrators, water quality, and in-vitro N
turnover rates with natural fog transformed open channel CO2, CH4, N20, and N2 saturations
(%). The points represent standardized effect sizes (positive or negative), with important
relationships indicated by * (non-zero coefficients) and (n.s.) (zero coefficients). Color
differences represent the three predictor groups.



4. Discussions

This study presented a comprehensive dataset that integrates current nitrogen turnover
processes with sediment 5!°N, a long-term indicator of nitrogen cycling. The main aim was to
provide a mechanistic understanding of how differences in nitrogen availability across various
land uses influence fluvial GHG emissions and denitrification losses. Consistent with
previous research, streams within fertilized croplands or grasslands had much higher GHG
emissions and denitrification N losses than forested streams across both seasons (Arango &
Tank, 2008; Borges et al., 2018; Mwanake et al., 2023a). Cropland streams in particular were
also characterized by lower carbon-to-nitrogen (C:N) ratios in both the sediment and water
column (Figure S2), probably linked to significant long-term nitrogen inputs from the
surrounding terrestrial landscapes related to synthetic N-based fertilizer additions (e.qg.,
Wachholz et al., 2023). Declines in in-stream C:N ratios have been shown to promote
microbial processes that may enhance GHG and N2 production (Helton et al., 2015; Taylor &
Townsend, 2010), which may explain our overall findings in this study. However, unlike
earlier studies that largely inferred such processes (e.g., Bodmer et al., 2016; Herreid et al.,
2021; Mwanake et al., 2023a), this study directly quantified them using stable isotope
techniques. For instance, N turnover processes quantified from **N enrichment experiments
were up to three times higher in cropland and grassland streams than in forested streams.
These nitrogen turnover processes also exhibited predominantly positive relationships with
open-channel CO2, CHa, N2O, and N2 oversaturation (Figure 6), suggesting either direct links
to gaseous nitrogen losses or indirect associations mediated by co-occurring conditions, such
as the availability of nitrogen-rich, labile organic carbon that may promote gaseous carbon
losses (Figure 6).

The role of synthetic nitrogen fertilizer in driving stream N pollution was also implied
by the 6'*N-DIN isotopic values, which are commonly used to trace nitrogen sources in
aquatic ecosystems (e.g., Duan et al., 2021; Wong et al., 2018). In particular, the highest DIN
concentrations (mainly NOs-N), observed in cropland streams during the winter—spring
transition, were associated with the most depleted §*°N-DIN signatures, consistent with
isotopic patterns characteristic of synthetic N-based fertilizer (Choi et al., 2017). The linear
relationship of the Keeling plot also possibly indicated the conservative mixing of nitrate
sources with different isotopic signatures, as opposed to fractionation processes like
denitrification, which would produce non-linear relationships (Robinson & Conroy, 1998).
These source-mixing dynamics may have been specific to the watersheds in this study, where
dilution effects during the winter-spring snowmelt period and competing DIN sources may
have dominated the observed isotopic composition across the land-use gradient.

Overall, these findings suggest potential links between intensified fluvial nitrogen
turnover in human-impacted ecosystems and enhanced fluvial GHG emissions and
denitrification losses under elevated nitrogen loading from surrounding terrestrial landscapes.
We hypothesize that these anthropogenic effects may have been integrated into sediment §°N
isotopic signals, which may reflect long-term elevated biogeochemical nitrogen cycling and
losses in streams, as previously shown for soils (Craine et al., 2015; Wangari et al., 2024).
This hypothesis was also supported by positive links between sediment §*°N enrichment and
GHG and N2 oversaturation (Figure 5; Figure 6), as well as in-vitro N turnover rates (Figure
5A), suggesting that these hotspots may have persisted over long timescales (decades) due to
excessive terrestrial N inputs. In addition to in-stream processing, sediment §'°N isotopic
signals may also reflect terrestrial sediment sources via inter-ecosystem transport (e.g., Riddle
et al., 2025). Such sediment sources may be influenced by both terrestrial N turnover
processes and N input sources, which differ in their §*°N isotopic values (Choi et al., 2017;
Denk et al., 2017). By integrating both instream processes with terrestrial-stream transport
mechanisms, our findings demonstrate the potential of sediment 5'°N as an indicator of long-



term GHG emissions and nitrogen cycling hotspots in fluvial systems linked to both physical
and biogeochemical processes.

4.1 Effects of seasonality and land use on fluvial N cycling processes

In terms of comparisons with existing values, the range of fluvial N cycling rates
quantified here (0.02 to 5.4 pg g* d%) falls within the range of past studies (0.05 to 25.8 g g°
1 d1) (Arango & Tank, 2008; Lin et al., 2017, 2021; Vincent et al., 2025; X. Xu et al., 2025).
Across the two sampled seasons, gross nitrification and ammonification rates were
approximately nine times higher than their corresponding net rates (Table S3). Such a finding
indicated that relying solely on net rate measurements may substantially underestimate
nitrogen cycling in fluvial ecosystems. This underestimation aligns with findings from
terrestrial systems, where similar discrepancies between gross and net rates have been
observed (Verchot et al., 2001). However, such comparisons have rarely been demonstrated
for fluvial environments, which have traditionally depended on indirect estimates through
nitrification inhibition assays (e.g., Arango & Tank, 2008; Strauss & Lamberti, 2002; Vincent
et al., 2025).

We also found that using only net rates may obscure important differences in N
turnover process rates integrated in land use or seasonal differences. For instance, both gross
nitrification and gross ammonification rates were up to 3 times higher in cropland streams
than in forested streams, mirroring patterns in DIN concentrations (Figure 2; Figure 3). Such
findings suggest elevated nitrogen turnover under N-rich instream conditions associated with
upstream cropland land use (e.g., Arango & Tank, 2008; Beaulieu et al., 2011). In contrast,
these land use differences were less apparent in the net rates (Figure S1).

The influence of external DIN inputs was also evident when comparing land use
differences in gross N turnover rates and denitrification losses (Figure 3; Table S4). Across
both seasons, gross nitrification rates in cropland streams were up to 3.6 times higher than
gross ammonification rates. However, in grassland and forested streams, they were lower or
only slightly higher (Figure 3; Table S4). This pattern suggests that nitrification rates in
cropland streams were supported by external NHz-N inputs not derived from internal
mineralization. This was mainly evident during the spring—summer transition, when the
discrepancy between the two rates was greatest (Table S4). During the same period,
denitrification N losses in cropland streams were also up to seven times higher than the mean
gross N transformation rates in grassland and forested streams. This finding suggests
substantial external NOs-N inputs that may have fueled enhanced denitrification activity in
these ecosystems. Although the contribution of external DIN to increased in-stream nitrogen
cycling has been inferred in previous studies (e.g., Mwanake et al., 2019, 2022, 20233;
Upadhyay et al., 2023; W. Xu et al., 2024), very few have provided quantitative evidence
(e.g., Arango & Tank, 2008; Beaulieu et al., 2011). Our findings, therefore, suggest that
combining direct measurements of N turnover rates can provide more substantial evidence for
the influence of terrestrial nitrogen inputs on stream N dynamics and gaseous losses (e.g.,
Arango & Tank, 2008; Beaulieu et al., 2011; Vincent et al., 2025).

Several studies have linked elevated nitrification rates to ammonium availability based
on bivariate relationships (Arango & Tank, 2008; Strauss et al., 2002; Strauss & Lamberti,
2002; Vincent et al., 2025), but not through the direct quantification of ammonification rates
in streams. However, in this study, we show possible direct links between elevated gross
ammonification rates and gross nitrification rates during the winter-spring transition in
agricultural streams, suggesting that the decrease in the NHs-N demand of photoautotrophs
during this period may have promoted ammonification-driven nitrification rates (Figure 3).
The reduction in photoautotrophic N uptake in winter may also have been reflected in the



overall depleted 6'*N-DIN values during this period (Figure S3), suggesting reduced isotopic
enrichment from this process and thereby preserving the isotopic signature of the dominant N
source. These N sources may include synthetic fertilizers for cropland streams, manure inputs
for grassland streams, and mineralized leaf litter for forested streams, as reflected in their
5'°N-DIN isotopic signatures: depleted for cropland streams and enriched for grassland and
forested streams (Choi et al., 2017). In contrast to gross nitrification and ammonification
rates, denitrification rates were higher in cropland streams during the spring-summer
transition than the winter-spring transition, suggesting a higher temperature sensitivity of the
process or higher nitrate inflows. These findings also agree with a global meta-analysis on
controls of denitrification in aquatic ecosystems, which linked a combination of higher
temperatures and spring nitrate inflows to high denitrification rates during the summer (Pifia-
Ochoa & Alvarez-Cobelas, 2006).

Overall, while land use had a strong influence on fluvial N turnover rates, the general
seasonal effects were not as evident, given a temperature difference of ~5°C between the two
seasonal transition periods studied. This lack of strong seasonal effects may suggest that
either land use integrates better site-scale differences in nitrogen turnover rates or that the
temperature variation in this study was insufficient to drive significant biogeochemical
seasonal differences. We hypothesize that both reasons may explain our findings. For
example, going by the patterns discussed above, land use seems to be an essential integrator
of fluvial nitrogen turnover trends, which may also modulate seasonal “hot moments,” given
the strong dependence of these processes on land use-driven nitrogen availability (e.g.,
Arango & Tank, 2008; Beaulieu et al., 2011; Vincent et al., 2025). However, numerous
studies have also shown substantial temporal variability in GHG emissions or denitrification
rates (Koschorreck et al., 2024; Manis et al., 2014; Mwanake et al., 2023a; Nevorski &
Marcarelli, 2022; Piatka et al., 2024), likely reflecting similar changes in their underlying
biogeochemical processes. Based on these studies, the temporal dynamics in GHG or
denitrification rates were linked to short-term biogeochemical cycles, discharge fluctuations,
and seasonal changes in temperature and precipitation. Consequently, our coarse sampling
approach, which captures only two transition periods, likely underestimated the temporal
variability in N-turnover processes due to similar drivers. Such an underestimation may have
been larger in human-influenced streams, where biogeochemical process fluctuations are
likely more pronounced due to elevated temporal substrate dynamics (e.g., B. Liu et al., 2023;
Mwanake et al., 2023a).

4.2 Effects of seasonality and land use on the riverine GHG emissions and open channel
denitrification.

Streams in this study primarily acted as net sources of GHGs and N to the
atmosphere, underscoring their dual role as both emitters of GHGs and key ecological agents
that remove excess nitrogen through denitrification (Lauerwald et al., 2023a; X. Xu et al.,
2025). Moreover, the ranges of stream GHG fluxes quantified during the two transitional
periods are within those reported for temperate ecosystems and global ranges (Lauerwald et
al., 2023b). While field measurements of fluvial GHG fluxes have increased in recent years,
open-channel N> flux data are still scarce (e.g., Mwanake et al., 2024; Pribyl et al., 2005;
Reisinger et al., 2016), with most current estimates of denitrification based on upscaled fluxes
from sediment assays with the acetylene inhibition method (e.g., Kreiling et al., 2019; Qi &
Liu, 2023; X. Xu et al., 2025; Yang et al., 2021). In comparison to these available datasets,
the open channel N2 flux data here fall within the same order of magnitude as the range of
past global estimates quantified from different methodologies (0 — 27.84 g N2 m? d* from
Table 2 in Yang et al., 2021), but is higher than the current open channel estimates (— 1.7 to



6.16 g N. m2 d1), primarily conducted in large rivers with lower water-air gas exchange rates
(Mwanake et al., 2024; Pribyl et al., 2005; Reisinger et al., 2016).

In terms of land use differences, streams located in cropland and grassland areas
exhibited higher GHG emissions and open-channel denitrification rates compared to forested
streams, aligning with findings from previous studies in temperate ecosystems (Arango &
Tank, 2008; Beaulieu et al., 2011; Mwanake et al., 2025a). Relative to natural ecosystems,
agricultural streams, particularly those within cropland areas, may have elevated N and more
N-rich bioavailable carbon supplies, which may enhance GHG production processes such as
respiration, methanogenesis, nitrification, and denitrification (See Drake et al., 2019; Masese
etal., 2017; Mulholland et al., 2009; Vincent et al., 2025). The results of this study suggest
similar mechanisms that may underlie the observed land use patterns, linking carbon and
nitrogen cycling. For example, cropland and grassland streams in this study mainly exhibited
lower DO saturations and higher concentrations of DON and DIN, conditions indicative of
enhanced biogenic activity driven by increased carbon and nitrogen bioavailability (e.g.,
Graeber et al., 2015). We also observed strong positive correlations between DON (more
bioavailable DOM) and N>O and CHa saturation, as well as between DIN and N2O and N>
saturation. In contrast, DO showed negative correlations with both CO2 and N2O saturation.
Overall, these findings suggest the possible enhancement of instream CO2, CH4, and N2O
production rates under elevated N conditions (e.g., Borges et al., 2018; Mwanake et al.,
2023a; Upadhyay et al., 2023; Battin et al., 2023).

Using in-vitro process-based measurements, we further inferred possible links between
intensified biogeochemical N cycling and elevated riverine GHG and N2 oversaturation
(Figure 6). Specifically, instream CO2, CH4, and N2 saturations were positively related to in-
vitro denitrification rates, consistent with previous findings that associate elevated respiration
with increased denitrification due to favorable reducing redox conditions (Helton et al., 2015;
Mulholland et al., 2009; Reisinger et al., 2016). On the other hand, N2O saturations were
negatively related to in-vitro denitrification rates, consistent with the expected reduction of
N20 to N2 through complete denitrification. In contrast, all three GHGs and N2 saturations
were also positively related to gross nitrification rates, suggesting either direct links between
the process and N2O and N> saturation, or indirect links with co-occurring conditions, such as
elevated N-rich labile carbon sources, that may promote CO2 and CH4 production, as
discussed above.

Previous fluvial research has inferred links between elevated instream NOs-N
concentrations and increased N2O or N2 production, primarily through bivariate relationships
(Baulch et al., 2011; Beaulieu et al., 2011; Mulholland et al., 2009; Mwanake et al., 2019; J.
Wang et al., 2022). However, only a handful of studies have explored such links using direct
measurements of nitrification-driven N2O or N2 fluxes in streams (Ouyang et al., 2021; S.
Wang et al., 2024). Quantifying actual nitrification rates, understanding their controls, and
examining their relationship to gaseous nitrogen losses are essential, as these processes can
affect the N2O:N> ratio, which is crucial for determining whether fluvial ecosystems serve as
sources or sinks of N2O. The importance of direct process-based measurements was
demonstrated in a recent study, which found initial evidence that elevated instream CO>
stimulated gross nitrification rates, possibly enhancing N2O production in river ecosystems
(Mwanake et al., 2025b). We hypothesize that a similar mechanism may explain the positive
relationship that we found between CO> concentrations and N2O:N> saturation ratios (Figure
S5). However, this correlation does not necessarily imply causality, and further experimental
studies are needed to strengthen the potential biogeochemical linkages between CO, and N.O
in rivers.
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4.3 Sediment 8'°N as an indicator of long-term riverine denitrification and GHG
emission hotspots

Natural abundance 6'*N isotopic signatures in soils and sediments are widely
recognized as integrators of long-term nitrogen cycling (Diebel & Zanden, 2009; Wangari et
al., 2024; Liao et al., 2021; Peipoch et al., 2012). In terrestrial ecosystems, enriched 5'°N
values have been hypothesized to typically reflect a more open nitrogen cycle characterized
by substantial nitrogen inputs, turnover, and losses (e.g., Craine et al., 2015; Wangari et al.,
2024). Mechanistically, elevated N turnover process rates result in higher isotopic
fractionation, where microbes preferentially uptake the lighter 14N isotopes over the heavier
N isotopes, producing *°N-depleted products while leaving the remaining substrate pool
progressively enriched in **N (Craine et al., 2015). This fractionation and subsequent
enrichment also depend on the dominating process, and can range widely for key processes
such as nitrification and denitrification (Denk et al., 2017).

In this study, sediment 8*°N values were more enriched in grassland and cropland
streams than in forested streams (Figure S2), suggesting a similar mechanism: a more open
nitrogen cycle in these ecosystems characterized by the same processes. This hypothesis was
further supported by the positive correlations between sediment 5*°N enrichment and rates of
nitrogen cycling processes (Figure 5A). Such findings may Indicate that land use
intensification due to fertilization likely affects the level of nitrogen inputs to rivers, which in
turn influences in-stream biogeochemical processes (e.g., Mwanake et al., 2025c). Because
sediment 5'°N enrichment reflects sites with elevated long-term nitrogen inputs, cycling, and
loss rates, we also examined whether these locations align with current open channel GHG
and denitrification rates. Our results showed proportional increases in open-channel COg,
CHa, N2O, and N oversaturation with increasing sediment §°N enrichment (Figure 5),
suggesting linkages between fluvial carbon and nitrogen gaseous losses and enhanced in-
stream nitrogen cycling under human influence. We contend that the relationships between
sediment 8*°N enrichment and hotspots of nitrogen gaseous losses are likely more direct,
reflecting enhanced rates of coupled in-stream nitrification-denitrification that drive long-term
isotopic fractionation in sediments similar to soils (e.g., Wangari et al., 2024). In contrast, the
found links between gaseous carbon losses (CO, and CH4) and sediment §*°N enrichment
suggest indirect linkages, possibly arising from co-occurring conditions in human-impacted
streams, including greater availability of nitrogen-rich, labile organic carbon (e.g., Upadhyay
et al., 2023). Such conditions can stimulate heterotrophic respiration and methanogenesis,
thereby increasing CO2 and CHa oversaturation (See Drake et al., 2019; Stanley et al., 2016).
Taken together, these findings underscore the potential of sediment 5'°N as an integrative
indicator for tracking long-term anthropogenic nitrogen inputs and their coupled effects on
fluvial greenhouse gas emissions and denitrification-related N losses.

5. Conclusions

Agricultural activities are well known to influence fluvial greenhouse gas (GHG)
emissions and denitrification losses; however, the underlying mechanisms remain uncertain.
In this study, we combined direct measurements of nitrogen (N) cycling rates with field
observations of GHG emissions and N> fluxes across streams exhibiting different levels of
agriculture-linked N pollution. We found potential links between elevated N cycling rates and
both GHG and denitrification hotspots, with these processes scaling well with increasing
agricultural land use. In addition, both sediment and water-column §*°N isotopic signatures
seemed to be potential indicators of short- and long-term anthropogenic N pollution, possibly
reflecting enhanced fertilizer inputs and higher long-term N turnover rates. As such, we argue
that such hotspots may be potential targets for future ecological management strategies, aimed
at maximizing fluvial denitrification N2 losses while minimizing their CO2, CH4, and N.O
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emissions. Based on results from this and other studies, management interventions should
prioritize preserving natural forest ecosystems while reducing excess nitrogen inputs to
streams draining agricultural areas. For instance, synchronizing fertilization timing with
periods of maximum plant nitrogen uptake may enhance nitrogen use efficiency of farming
systems and minimize losses to streams. Alternatively, the reduction of terrestrial-stream
nitrogen transfer during periods of hydrological connectivity can also be achieved through the
restoration of wide riparian forest buffers. These integrative strategies are likely to result in
closed fluvial N cycles, with minimal adverse environmental impacts.

Nevertheless, our study was not without limitations that represent promising directions
for future research. While our findings demonstrate strong correlations that support the
hypothesis that sediment 5'°N can serve as a proxy for long-term N-cycling hotspots, it is
crucial to note that this study establishes association, not causation. Future manipulative
experiments are needed to confirm the causal links proposed here. Our study was also based
on a relatively coarse spatial and temporal sampling regime, focusing on only a few sites and
two transition periods in the temperate region, which likely missed key short-term “hot
moments” or spatial hotspots of fluvial N cycling rates. Such data gaps may have influenced
the positive relationship we observed between sediment §*°N and nitrogen cycling, which
may have been stronger if spatial and temporal variability in N cycling processes had been
better captured. Future work should incorporate higher-temporal frequency process
measurements across diverse climatic regions to better constrain how agricultural practices
shape fluvial GHG emissions and denitrification by altering instream biogeochemical
dynamics. Moreover, our study design was also unable to determine whether the sediment
8N enrichment reflected instream cycling rates alone or physical sediment transport between
streams and their surrounding terrestrial environments. Future research should strive to make
this partition, as such information will be highly critical for informing future mitigation
strategies more effectively, which may be specific to lowering instream biogeochemical rates
or stream-terrestrial interactions.
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